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Quagga mussels (Dreissena rostriformis bugensis) are an invasive ecosystem engineer 
that have successfully colonized both profundal and nearshore regions in Southern Lake 
Michigan. Quagga mussels directly altered the flow of nutrients by filtering particles, excretion 
of soluble forms of nutrients in the benthos, and through the production of biodeposits. Mussel 
excretion, egestion, and capture rates of P were compared between a 25 meter and a 55 meter 
deep site near Milwaukee Harbor to determine the retention of nutrients in these regions. The 
capture rate of particulate phosphorus at the 25m site (278 ± 388 μmol m-2) was similar to that at 
the 55m site (324 ± 245 μmol m-2). When these values are compared with estimates for 10m 
depth nearshore Milwaukee (Bootsma et al. 2012), the highest capture rates occur nearshore but 
remain relatively high through mid-depth regions compared to phytoplankton growth meaning 
the benthos in this region has a high capacity to retain nutrients. However, a large portion of 
captured phosphorus is recycled in the dissolved form and in the form of biodeposits.  
Approximately 40-50% of recycled phosphorus was in the form of biodeposits. However, 
there is limited understanding if biodeposits represent a sink or source of nutrients. A series of 
incubations were conducted to determine the fate of biodeposits and their effect on dissolved 
nutrients over time scales of 2-3 weeks. Biodeposits promoted bacteria growth, which in turn led 
to an uptake of dissolved forms of C, N, and P. The bacteria depleted dissolved phosphorus 
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concentration to below detection limit, 0.016 μmol/L, within ten days of incubation. After 12-15 
days, dissolved P concentration increased to levels higher than the starting conditions, indicating 
that biodeposits were a net source of dissolve P over longer time scales. 
Mussels may further alter phosphorus cycles through indirect processes such as 
interfering with apatite dissolution, the promotion of bacterial growth, and increasing the 
effective settling rate of phosphorus by filtering small particles. The passive settling rates of 
phosphorus was determined at the 55 meter site using sediment traps. Sediment cores were also 
taken from the 55 meter site as well as a 100 meter site offshore of Muskegon, MI to determine 
the phosphorus burial rate. By comparing sedimentation and sediment burial rates, 
approximately 60% of recently deposited phosphorus at the sediment-water interface is recycled 
back into the water column. Measurements of sediment fluxes, including sedimentation, 
accumulation, and permanent burial rate, were combined with mussel fluxes to create a new 
conceptual model of internal P cycling in Lake Michigan. Before the mussel invasion, 
zooplankton within the water column were responsible for the bulk of phosphorus recycling. In 
the new model, the majority of phosphorus cycling occurs in the benthos with heterotrophic 
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Chapter 1: Introduction 
 Dreissena polymorpha (zebra mussels) and Dreissena rostriformis bugensis (quagga 
mussels) entered the Great Lakes in the late 1980s through ballast water. Zebra mussels rapidly 
colonized the littoral zones in Lake Michigan but were soon displaced by quagga mussels in 
southern Lake Michigan due to quagga mussels’ ability to colonize soft substrates and live in 
cold temperatures (Dermott & Munawar 1993). In some areas, densities of quagga mussels 
reached over 10,000 mussels per square meter (Nalepa et al. 2010). The expansion of quagga 
mussels is considered one of the primary causes of the loss of the spring phytoplankton bloom 
due to their high grazing rates of phytoplankton during the isothermal period (Vanderploeg et al. 
2010; Fahnenstiel et al. 2010). During the summer months, grazing is limited by stratification, 
which is why there is not a similar decrease in the surface mixed layer of chlorophyll a compared 
to the isothermal period (Fahnenstiel et al. 2010; Pothoven & Fahnenstiel 2013). Along with 
direct grazing effects, quagga mussels have altered the benthic environment in the Great Lakes 
through increasing light penetration and nutrient recycling. Increased light penetration and 
recycling of phosphorous by quagga mussels have led to the resurgence of nuisance benthic algal 
growth nearshore in Lake Michigan (Auer et al. 2010; Bootsma et al. 2004; Bootsma et al. 2015). 
Quagga mussels also affect primary production and food web interactions by altering the 
flow of nutrients. Dreissenids are effective recyclers of nutrients because the majority of ingested 
materials are used for metabolic functions (Stoeckmann & Garton 1997). High capture rates of 
particulate phosphorus and high recycling in the form of dissolved phosphorus by dreissenid 
mussels had led to a decrease in particulate P to total phosphorus ratio in Lake Michigan 
(Pothoven & Fahnenstiel 2013; Mosley & Bootsma 2015). Nearshore (0-10m) by Milwaukee 
Harbor, mussels are able to excrete an amount of phosphorus that is equal loading by the 
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Milwaukee River, which helps support the growth of the nuisance benthic Cladophora (Bootsma 
et al. 2012; Bootsma & Liao 2014). In profundal regions, mussels still excrete relatively large 
amounts of phosphorus compared to the required portion for primary production. Using the mean 
summer area production rate of 473 mg C m-2 day-1 and a C:P ratio of phytoplankton of 2001:1 
(Bockwoldt 2018), the required phosphorus for primary production in the summer is 
approximately 200 μmol P m-2 day-1. Mosley and Bootsma (2015) estimated that mussel excretes 
approximately 129 μmol P m-2 day-1 at a 55 meter site offshore of Milwaukee in the summer, 
which is a 65% of the required phosphorus for phytoplankton growth. However, the excreted 
phosphorus remains in the hypolimnion during stratification, where light limitation reduces the 
ability for phytoplankton to utilize the nutrients. During the isothermal period, mussels grazing 
exceeds the phytoplankton growth rate, greatly reducing phytoplankton abundance (Vanderploeg 
et al. 2010). While primary producers may not be able to utilize the excreted phosphorus 
offshore, heterotopic bacteria may utilize mussel recycled products, increasing the importance of 
the microbial food web for energy transfer (Heath et al. 2003). 
Mussels recycle a large portion of the phosphorus they capture in the form of biodeposits 
(Mosley & Bootsma 2015). There is a lot of uncertainty about the fate and environmental effects 
of the production of freshwater bivalve biodeposits (Strayer 2014). In marine environments, 
biodeposits increase the release of nutrients, bacteria growth, and alter surrounding invertebrate 
communities (Genz et al. 1990; Jansen et al. 2012; van Broekhoven et al. 2015; Giles and Pildith 
2004, 2006; Hartstein & Rowden 2004). Models that look at the effect mussels have on 
phytoplankton growth either consider biodeposits a sink of phosphorus (Zhange et al. 2011) 
lump them together with other particulates (Rowe et al. 2017; Shen et al. 2018). The fate of this 
P has important implications for water column P concentrations.  If this P is rapidly recycled, 
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then as mussel populations stabilize, the supply of dissolved P to the water column may increase 
to levels similar to those before the establishment of dreissenids assuming shell and biomass P is 
also readily recycled. But if this P is refractory, then mussel grazing and biodeposit production 
will represent a net loss of P from the water column, with reduced availability to phytoplankton 
(Bootsma & Liao 2014).  
Lake Michigan is currently meeting the target total phosphorus loading of 5600 MTA set 
by the Great Lake Water Quality Agreement. Still, mussel phosphorus recycling supports 
nuisance algal growth nearshore, while mussel grazing, along with reduced phosphorus loading, 
has depleted phosphorus and plankton offshore (Bootsma et al. 2012; Mida et al. 2010; Rowe et 
al. 2017; Shen et al. 2018). The total phosphorus concentrations during the spring have also 
declined due in part to decreases in phosphorus loading and mussel filtering of particulates from 
the water column (Mida et al. 2010). There is also a general trend of decreasing phosphorus 
concentrations in the summer; however, it is difficult to determine the relative importance of 
mussel mediated effects vs. reductions in nutrient loading (Mida et al. 2010; Pothoven & 
Fahnenstiel 2013; Rowe et al. 2017). The movement of nutrients nearshore to offshore represents 
another management challenge. Mussels may reduce offshore summer phosphorus 
concentrations through increased retention in the nearshore and mid-depth benthos (Hecky et al. 
2004; Vanderploeg et al. 2010; Pothoven & Fahnenstiel 2013). This may be achieved in part 
through a reduction in sediment resuspension through the production of biodeposits which 
aggregate smaller particles (Hecky et al. 2004). Quagga mussels may also increase the effective 
settling rate of phosphorus by capturing light particles that would have remained suspended in 
the water column by mixing forces without mussels (Shen et al. 2018). This theory is supported 
by field observation by Mosley and Bootsma (2015) that mussels were capturing phosphorus at a 
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rate that was 11 times greater than passive settling. Currently, the models used to set the targets 
for phosphorus loads in Lake Michigan did not take into account dreissenid mussels (Bootsma et 
al. 2012). Wise management decisions need to be supported by predictive models, and these 
models need to be guided by an understanding of how dreissenids have altered internal P 
dynamics. 
The importance of mussel ecosystem effects is underscored by the adverse consequences 
for an economically important fishery. The expansion of dreissenid mussels has led pelagic fish 
to rely upon nearshore carbon sources (Turschak et al. 2014) and the overall biomass of fish to 
decrease in Lake Michigan (Bunnel et al. 2009). These changes have important economic effects 
because the Great Lakes sport fishery has an economic value between 4 and 7 billion US dollars 
(Breffle et al. 2013). There has not been a comprehensive study on the economic impact of 
invasive mussels on the economic value of the Great Lakes Fishery (Strayer 2009). However, a 
study of ship transported invasive species into the Great Lakes found that this group of invaders 
could account for a large reduction in economic and ecosystem service values for the Great 
Lakes fishery with an estimate of 138 to 800 million dollars in economic loss caused by invasive 
species (Rothlisberger et al. 2012).  
The research presented in this thesis explores quagga mussel alterations to the 
phosphorus cycling in Lake Michigan. The focus of the chapters are quantifying mussel area 
capture rates of carbon, phosphorus, and nitrogen nearshore and in profundal regions (2), 
determining the fate of biodeposit (3), and developing a new conceptual framework phosphorus 
internal cycling in Lake Michigan (4). Each chapter is self-contained and includes relevant 
motivation, methods, and discussion for each topic. The overall summary is provided in chapter 
5.   
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Chapter 2: Near to Offshore Capture rates of Nutrients by Quagga Mussels (Dreissena rotiformis 
bugensis) in Lake Michigan 
Abstract 
  The effects of dreissenid mussels on nutrient cycling have been well documented in the 
littoral zone of some Great Lakes. However, mussel mediated effects moving near to offshore 
may be heterogeneous across Lake Michigan and requires more investigation. In this study, 
quagga mussel feeding and nutrient recycling rates at a 25 meter deep site (nearshore) and 55 
meter deep site (mid-depth) near Milwaukee are compared. The capture rate of particulate 
phosphorus at the nearshore site (278 ± 388 μmol m-2) was similar to that at the offshore site 
(324 ± 245 μmol m-2). Based on carbon capture, the nearshore mussels would consume 34 ± 
47%, and offshore would consume 72 ± 35% of phytoplankton production per day in the 
corresponding depth regions. Mussel also excreted a large portion of SRP at both sites, and 
excretion rates were similar to phosphorus cycling rates of Zooplankton. Combining the 
estimates of mussel excretion rates with past estimates <10m near Milwaukee harbor, mussels 
along 8 km of shoreline extending 8.25 km offshore excrete more phosphorus per day than is 
loaded into Lake Michigan via the Milwaukee River. Unlike the eastern side of Southern Lake 
Michigan, nearshore regions near Milwaukee contain a high amount of hard substrate that 
mussels are able to colonize. Due to the higher colonization of mussels nearshore, the highest 
capture rates by mussels occur in the 0-15 m depth range, but capture rates of nutrients remained 
high when moving into mid-depth regions. These results demonstrate that near Milwaukee 
Harbor, both the nearshore and mid-depth regions act as sinks for nutrients limiting the transfer 
offshore. 
 




 In the late 1980s, the zebra (Dreissena ploymorpha) and quagga (Dreissena rotiformis 
bugensis) mussel entered the Great Lakes. Quagga mussel low metabolic rate (Stoeckmann 
2003; Baldwin et al. 2002; Tyner et al. 2015), ability to colonize softer substrate (Dermott & 
Munawar 1993), and ability to reproduce in colder darker regions in Lake Michigan (Roe & 
MacIsaac 1997; Glyshaw et al. 2015) led to the expansion of quagga mussels and displacement 
of zebra mussels in southern Lake Michigan. Quagga mussels are effective filter feeders 
significantly reduce phytoplankton abundance during the isothermal period when they have 
access to the entire water column (Vanderploeg et al. 2010; Fahnenstiel et al. 2010). Along with 
reduced phytoplankton abundance, decreases in total phosphorus concentration offshore 
coincided with the expansion of quagga mussel into deeper regions of Lake Michigan. Although 
some of the decreases in spring phosphorus can be attributed to mussel grazing (Mida et al. 
2010), it is difficult to determine the relative effects of mussel grazing vs. reduced external P 
loads (Rowe et al. 2017).   
Phosphorus concentrations are directly affected by quagga mussels through the filtering 
of particulate phosphorus, excretion of dissolved inorganic and organic P, and egestion of 
biodeposits. In oligotrophic Lake Michigan, nearshore dreissenid excretion of SRP and increased 
water clarity have led to the resurgence of nuisance Cladophora (Auer et al. 2010; Bootsma et al. 
2004; Bootsma et al. 2015). Nearshore mussels have access to the entire water column 
throughout the year (Rowe et al. 2017) and live in warmer more productive areas allowing them 
to have higher metabolic rates than those offshore (Tyner et al. 2015). However, a recent study 
on the eastern shore of Southern Lake Michigan found that mussel filtering had a limited impact 
on chlorophyll a and total phosphorus compared to tributary loading nearshore due in part to 
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patchier mussel density (Pothoven & Vanderploeg 2020). On the eastern side of Southern Lake 
Michigan, the nearshore substrate is sandy and unstable under wave conditions leading to lower 
densities of dreissenid mussels (Nalepa et al. 2010). However, on the western side of southern 
Lake Michigan, the nearshore zone is characterized by hard substrate (Waples et al. 2005; 
Creque et al. 2010), allowing mussels to cover nearly 80% of the bottom in waters shallower 
than 10 meters (Bootsma & Liao 2014). The difference in the nearshore substrate between the 
western side and eastern side of Southern Lake Michigan may cause differences in mussel 
mediated effect on nearshore conditions, including the interception of nutrients as proposed in 
the nearshore shunt theory (Hecky et al. 2004). The nearshore shunt theory postulates that mussel 
nearshore reduces nearshore and offshore transfer of nutrients through nearshore mussels 
filtering nonpoint source phosphorus, typically in the form of smaller phosphorus bound 
particles, and packaging that material in larger aggregates through the production of biodeposits 
(Hecky et al. 2004).  
Dreissenids’ access to particles is determined to a large degree by hydrodynamic 
processes (Zhang et al. 2011; Rowe et al. 2015; Rowe et al. 2017; Shen et al. 2018). Quagga 
mussel grazing reduces phytoplankton abundance during the isothermal period because the high 
rates of mixing allow mussels to access the entire water column (Rowe et al. 2017; Shen et al. 
2018). Mussels’ ability to graze in the summer months is limited by stratification. Despite the 
limited availability of phytoplankton, Mosley and Bootsma (2015) did not observe any seasonal 
difference in particulate P capture rates between spring and fall in a 55 meter site offshore of 
Milwaukee. The lack of seasonal difference may be due to the relatively little change in the 
temperature of the benthos at this depth, but it is still unexpected considering that food supply to 
mussels is likely to be reduced during stratification relative to the isothermal period (Fahnenstiel 
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et al. 2010).  By contrast, temperature fluctuations in the nearshore zone appear to have a strong 
regulating effect on dreissenid metabolism (Tyner et al. 2015).  
Egestion and excretion rates of mussels vary with seston stoichiometry (Bootsma & Liao 
2014; Vanderploeg et al. 2017), hydrologic conditions (Rowe et al. 2015; Shen et al. 2018; Shen 
et al. 2020), food quality (Johengen et al. 2013; Bootsma & Liao 2014; Vanderploeg et al. 2017), 
and temperature (Johengen et al. 2013; Bootsma & Liao 2014). These factors make measuring 
rates of egestion and excretion in situ under a variety of conditions, including depth and season, 
important for understanding how mussels affect nutrient dynamics of large lake systems. There 
have been many studies examining the in situ effects of mussels in the littoral zone (Nalepa et al. 
1991; Conroy et al. 2005; Turner 2010; Bootsma et al. 2012; Johengen et al. 2013). However, 
nutrient cycling by mussels in deeper regions of Lake Michigan have received less attention 
(Mosley & Bootsma 2015). In this study, respiration rates and phosphorus recycling rates were 
determined along with the capture of carbon, nitrogen, and phosphorus at an offshore (55m) and 
nearshore (25m) site under different hydrologic conditions. The results will better inform mussel 
mediated effects near and offshore during isothermal and mid-stratification periods. 
Methods 
Site Descriptions 
 Sampling was conducted at two different sites in Lake Michigan along a transect 
extending from Atwater Beach in Milwaukee, WI during the 2018-2019 field. The sites are 
AW25 and AW55 with depths of 25 and 55 meters respectively. The AW25 site was located 
approximately 2.75 km offshore (43° 5'41.88"N 87°50'19.80"W), and the AW55 site was located 
approximately 8.25 km offshore of Atwater Beach (43° 5'42.06"N 87°46'16.85"W). The 
substrate conditions at AW25 were heterogeneous with areas of dense clay, sandy substrate, and 
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underwater mounds. The conditions at the AW55 site were more uniform, characterized by silty 
substrate. 
Mussel Collection 
 Mussels from the AW25 and AW55 sites were collected using a Ponar grab sampler 
(22.5 x 22.5 cm sampling area). Multiple grabs were taken to determine length frequency, areal 
biomass of quagga mussels, and to collect mussels for use in incubations. Samples were taken in 
triplicate for length frequency and biomass analysis. Densities determined by the Ponar grab 
sampling were compared to densities determined using an underwater camera to ensure accurate 
density counts. The underwater camper was mounted to a 50 cm tall frame, and in the focal point 
of the camera was a grid used to measure the area. Image J image processing software was used 
to count mussels (Schneider et al. 2012). The areal counts of mussels with the Ponar were 
compared to the camera densities for each site using a simple t-test. The camera densities were 
not significantly different from the density determined using the Ponar, so only the Ponar 
densities are presented. 
The mussels used for incubation experiments were immediately placed in a bucket filled 
with unfiltered lake water collected from below the thermocline. Temperature was maintained, 
and light exposure was limited by placing the buckets in coolers with ice. The mussels remained 
in buckets for less than an hour during transport to the lab. On some sampling days, incubation 
procedures began immediately after collection in the wet lab on the research vessel, R/V 
Neeksay. After transport, mussels were separated into bins containing unfiltered cool lake water. 
Only mussels that did not have visible shell damage were used in the incubations. The mussels 
were gently cleaned by placing them on mesh and allowing unfiltered water to slowly flow over 
them until no particulates were observed in the water. Two different mesh sizes, 0.4 cm and 0.75 
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cm, were used. Two mussel size classes were used for experiments: 5-14mm (small) and 15-25 
mm (large). Each size class was run in triplicate. The number of mussels used in each chamber 
range from 25- 50 depending on how many mussels were available. Mussels used in the 
respiration/excretion incubations were gently scrubbed with a clean sponge in unfiltered lake 
water. These mussels were separated into three size classes 5-12mm (small), 12-19mm 
(medium), and 20-27 mm (large). The number of mussels used for each size class was 10, 4-5, 
and 4-5 for the small, medium, and large size classes respectively. All mussels were kept at near 
in situ temperature, cleaned, and placed in incubation chambers within two hours of collection, 
for the measured rates of excretion, respiration, and egestion to be as similar as possible to in situ 
rates. 
Mussel Respiration and Excretion Rates 
 Temperatures for the AW55 experiments ranged from 3-6˚C, and temperatures for the 
AW25 experiments ranged from 3.5-8˚C depending on the temperature of near bottom water at 
the time of mussel collection. Respiration and phosphorus excretion rates were measured in acid-
cleaned 250 ml syringes. After the mussels were cleaned, they were placed in a 250 ml syringe 
filled with filtered lake water collected within 5 meters of the bottom. The syringes had a valve 
attachment to ensure the water used in the incubation was closed off from the air. Mussels were 
left to stabilize for 15 minutes prior to making the initial measurements. After the stabilization 
period, 30 ml of water was withdrawn from the incubation syringe, filtered through a syringe 
filter (GF/F 0.7μm), and stored in a cooler for SRP and TDP analysis. SRP and TDP analyses 
were conducted within 24 hours according to the molybdate-antimony method, with TDP 
samples first being digested by the addition of H2SO4 and H2O2 followed by 2 hours of photo-
oxidation (Stainton et al. 1974).  
   
11 
For a subset of experiments, a NeoFox sport micro-optical dissolved oxygen probe 
(Ocean Optics) was used to measure dissolved oxygen (DO) after SRP / TDP subsamples were 
removed from syringes.  The probe was small enough to insert directly into the incubation 
syringe through the syringe valve.  Following initial sampling, syringes were left in coolers for 
two hours. The two-hour incubation time was chosen so that changes in DO and phosphorus 
would be measurable while the decrease in DO concentration was small enough to avoid 
affecting mussel metabolism (Tyner et al. 2015). After the two-hour incubation, the final 
measurements of DO were taken prior to the final sample for SRP and TDP. Following 
incubations, mussel tissue was removed and lyophilized so that respiration and excretion rates 
could be normalized to dry tissue mass. Controls of filtered lake water were incubated along with 
the mussel syringes.  
Egestion Rates 
Mussels used for the egestion experiments were placed in 500 ml acid cleaned chambers. 
The control used for this experiment was filtered water in which mussels and mesh from one 
experimental chamber were placed and immediately removed, to account for any particulate 
material that may detach from mussel shells. The chamber temperature was maintained near in 
situ temperature as for the syringe experiments described above, and incubations were conducted 
for 2 hours. Following the 2-hour incubation, the mussels were removed from the chamber and 
frozen. The contents of the chamber were filtered onto pre-weighed ashed GF/F (0.7 μm) 47mm 
diameter filters. The chambers were rinsed with type 1 water to ensure all particulates were 
collected on the filters. Filters were dried at 70˚C for 12 hours and then weighed. The filter with 
the collected biodeposits was cored with a cleaned metal filter corer with a diameter of 18mm. 
Two of the cored subsection was used for particulate phosphorus, and two of the cored 
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subsections were used for carbon and nitrogen analysis. The deviation between the core 
replicates was less than 5%. Particulate phosphorus was analyzed using the molybdate-antimony 
method (Stainton et al. 1974) after combustion at 550˚C and two-hour acid digestion with 2 ml 
of 1N HCl and 10 ml of type 1 water. An elemental analyzer (model: NA 1500 NCS from Carlo-
Erba instruments) was used to determine carbon and nitrogen content using acetanilide standards 
ranging from 0.2 mg to 1.0 mg. Mussel soft tissue dry mass was measured following 
lyophilization, and all egestion rates were normalized to tissue mass.  
Areal Respiration, Excretion, and Egestion Rates 
 Mussel length-weight relationships, areal density, and size-frequency were established 
for all sampling dates from 2018 to 2019. The counts of mussels and size-frequency per square 
meter were determined by using the three replicate Ponar grabs from each sampling date. All the 
mussels from each replicate were counted and measured to the nearest millimeter. Mussel tissue 
was removed from 25 mussels of known length from each replicate and lyophilized. The length 
to dry mass relationships were fitted to an allometric model W= aLb where W is the dry tissue 
mass (mg), and L is the length of the shell in mm (Nalepa et al. 1993). The size-frequency 
distribution was used along with the allometric model to determine dry mass as mg m-2. This was 
then used with mass-normalized respiration, excretion, and egestion rates of different size classes 
to determine areal rates. 
Ambient Water Condition 
On each day that the egestion and excretion experiments were conducted, a water sample 
was taken one meter above the bottom for particulate phosphorus, carbon, nitrogen, and 
chlorophyll a analysis. Full water column sampling was completed for the majority of 
experiments. The sampling depths were 2 m, 10 m, 15 m, 20 m, 23 m, and 24 m at AW25, and 2 
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m, 10 m, 15 m, 20 m, 25 m, 30 m, 35 m, 40 m, 50 m, and 54 m at the AW55 site. The water was 
filtered onto GF/F filters with a diameter of 24 mm. Filters for particulate phosphorus, carbon, 
and nitrogen were analyzed as described above. Filters used for chlorophyll a were stored in a 
dark freezer until analysis, which was within two weeks of sample collection. Chlorophyll was 
extracted for 24 hours in a freezer using a methanol and acetone mixture following filter 
grinding, as described by Arar and Collins (1997). Fluorescence was measured using a Turner 
designs model 10 benchtop fluorometer after centrifuging the filter and extractant solution at 
3000- 4000 rpms. 
Clearance Rate 





         (1) 
where CR is the capture rates of particulate phosphorus (μmol m-2 day-1), [PP] is the 
concentration of particulate phosphorus near the bottom (μmol L-1), and B is the areal biomass 
(mg m-2). A conservative capture rate of phosphorus can be calculated by summing the areal 
phosphorus excretion and egestion rates and assuming that little phosphorus is proportioned to 
biomass (Stoeckmann & Garton 1997; Mosley & Bootsma 2015).  
Carbon Capture rates        
 Areal carbon capture rates were calculated using three different methods: 1) That 
described in Tyner et al. (2015); 2) Adding the estimated CO2 production to the carbon egestion 
rates (addition method); 3) Combining the clearance rate with near-bottom particulate carbon 
concentration. Methods 1 and 2 use respiration data collected with the optical dissolved oxygen 
probe. Tyner et al. (2015) determined 1mg of O2 respiration equates to 0.42 mg of organic 
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carbon captured using the assumptions that 1 mg O2 equated to 3.38 calories (Crisp 1984), 88% 
of mussel energy is utilized in oxygen consumption (Stoeckmann & Garton 1997), quagga 
mussels have an 81% food assimilation efficiency (Baldwin et al. 2002), and there are 11.40 
calories per mg of organic carbon (Platt & Irwin 1973). Method 2 used the egestion rates of 
carbon and a respiratory quotient of 0.75 μmol of CO2 for 1 μmol of O2 uptake (Martin et al. 
2006; Martin et al. 2007; Ruginis et al. 2014). Method 3 used the conservative clearance rate 
derived from phosphorus excretion and egestion rates, as described above. 
Statistics 
 Two-way ANOVA was used to compare excretion, respiration, and egestion rate by date 
and size class. One-way ANOVA was used for nitrogen egestion because the biodeposit samples 
collected from smaller size class mussels were often too small for accurate measurement of 
nitrogen content. One-way ANOVA analysis was also completed for the large mussel egestion 
rates of carbon and phosphorus because not all dates contained small mussel data. Prior to 
ANOVA, normality was confirmed using Q-Q plots and Levene’s test for normality. ANCOVA 
was used to compare the log of mussel mass – length relationship by site and date. Prior to 
ANCOVA, the assumptions of linearity and homogeneity of regression slopes were checked. 
Normality of residuals was checked using a Shapiro test. The homogeneity of variances was 
confirmed with a Levene test. A simple t-test was used to compare SRP and TDP excretion rates, 
excretion rates by site, mussel density by site, and mussel biomass by site. All statistical analysis 










Figure 2: The length weight relationships for the 10m, 25m, and 55m sites along the Atwater Beach transect. The 
offshore 55 meter sites length weight relationships are included for the years 2012- 2013 and 2018- 2019. The 
number of mussels used to determine each relationship were 103, 195, 237, 276, 394 for 10m, 25m, 55m (2012-
2013), and 55m (2018-2019) respectively.  
Figure 1: Histogram of the relative frequency of mussels of different lengths from AW25 and AW55. 
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The density of mussels at the AW25 site was significantly lower than at the AW55 site (p 
= 0.006.) The density of mussels at the AW25 and the AW55 were 2008 ± 1848 mussels m-2 and 
to 7136 ± 3105 mussels m-2 respectively. At both sites, there was a bimodal distribution, but the 
distinction between size classes was less pronounced at the AW55 site, and very small (<5 mm) 
mussels were relatively more abundant at the AW25 site (Fig. 1).  ANCOVA indicated that the 
length-weight relationship was significantly different between the two sites (p = 0.03; Fig. 2). 
Larger Mussels at AW25 had a higher mass per unit length than those at AW55. The AW55 
length-weight relationship was also compared to another 55 m site that was sampled in 2012/13 
(Mosley & Bootsma 2015), as well as a 10 m site sampled in 2018/19. The length-weight 
relationship for mussel at a depth of 55 m did not significantly differ between 2012/13 and 
2018/19 (p = 0.73). The 10 m site and 25 m site length to weight relationships were not 
statistically different (p=0.16). However, the length weight relationships between the 55 meter 
station and the 10 meter station were significantly different (p = 0.002). 
Both sites had significant interactive effects of date and length on mussel weight based on 
the ANCOVA results (p < 0.01). The mass: length ratio for both sites decreased in the late fall of 
2018 (Fig. 3), which may correspond to the end of spawning (Nalepa et al. 2010). However, the 
areal biomass did not vary significantly by date (one-way ANOVA: p = 0.25 for AW55; p = 0.33 
for AW25) when calculated for each site and sample date based on the length-weight 
relationships, areal density, and length-frequency for that specific site and date. While there was 
a significant interaction between date and length on mussel weight, the one-way ANOVA results 
indicate that the mass per unit area did not change over time. The mean biomass per unit area for 
each site was used for all analyses presented in this paper. The mean biomass was 20900 ± 
22900 mg m-2 at AW25 and 41500 ± 17255 mg m-2. 














Figure 3: Graph of calculated 15mm mussels mass based on the length weight relationship by date for the 
AW55 and AW25 sites. Approximately 45 mussels were used to calculate the length weight relationship 
for each site on each date. 
   
18 




Figure 4: Near-bottom ambient water condition on each date that mussel experiments were conducted. The 
phosphorus, carbon, and nitrogen plots all refer to nutrients in the particulate form. 

















<0.01 <0.01 <0.01 
AW55 (7) 0.32 0.16 0.06 
AW25 (3) 
Respiration by size and date 
two-way 
ANOVA 
<0.01 <0.01 <0.01 
AW55 (5) <0.01 <0.01 0.07 
AW25 (4) 
P egestion by size and date 
two-way 
ANOVA 
0.44 0.04 0.05 
AW55 (6) 0.01 0.83 0.05 
AW25 (4) 
C egestion by size and date 
two-way 
ANOVA 
<0.01 <0.01 <0.01 
AW55 (6) 0.16 0.87 0.11 




NA NA 0.09 
AW55 (8) NA NA 0.02 




NA NA 0.02 
AW55 (8) NA NA 0.21 




NA NA 0.07 
AW55 (8) NA NA 0.31 
 
The change in dissolved phosphorus and dissolved oxygen of all size class (5-11mm, 12-
19mm, and 20-27 mm) of mussels were statistically greater than the controls, and any change in 
the controls was factored out of the experimental data. The DOP excretion, calculated as the 
difference between the TDP and SRP excretion, was not significantly different from 0 for either 
Table 1: Table summarizing results of the statistical analysis of egestion and excretion rate at each site.  
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site (AW25 p value= 0.08 and AW55 p value= 0.63), so the phosphorus excretion rates reported 
in this study are the SRP excretion rates. The mass normalized SRP excretion rates at the 25-
meter site were significantly higher than at the 55-meter site (p = 0.02). The mass-normalized 
excretion rate of SRP at the AW55 site did not change size classes or date based on a two-way 
ANOVA. However, there was a significant interactive effect of date and size on SRP excretion 
rates at AW25 (Table 1). Rates were more variable overtime for the small mussel class than the 
larger size classes at AW25 (Fig. 5). On two dates, the smaller size class mass specific excretion 
rates were larger: September 2018 and October 2018. The temperatures of these experiments 
were higher (7.5 and 7˚C) because the temperature of the water near the mussel bed was higher 
on these dates (Fig. 4). This temperature response was not apparent in September 2019 (Fig. 5), 
but the egestion rate of nutrients was greater in September 2019 (Fig. 7). The temperatures at the 
AW55 site were never above 7˚C, which may explain why the SRP excretion did not change 
throughout the study period (Fig. 4 and Fig. 5).  
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There was a significant interactive effect of size class and date on mass specific 
respiration rate at each site (Table 1). Mass-normalized respiration rate was greater for small 
mussels than for the larger size classes (Fig.  7), and was more variable over time (Fig. 5).  There 
was no significant difference between the depths with regard to respiration rate for all size 
classes (p = 0.08).  
Figure 5: Size specific excretion and respiration rate by date normalized to dry, shell-free mass. The left panels are 
the excretion and respiration rates from AW25 and the right panels are from AW55. The error bars represent 
standard error. 
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Figure 6: Size specific egestion rates of P, C, and N by date normalized to dry mass. The left panels are 
egestion rates from AW25, and the right panels are egestion rates from AW55. The error bars represent 
standard error.  
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The mass normalized phosphorus egestion rates at the AW25 site were significantly 
higher than at the AW55 site (p = 0.009), but no spatial difference was apparent for carbon and 
nitrogen egestion. For the three dates on which small and large mussel egestion rates were 
measured at AW25, the smaller size class had a significantly higher mass normalized phosphorus 
egestion rate than the larger size class (p= 0.04), and there was no interaction between date and 
mussel size. The larger size classes phosphorous egestion rates were compared using a one-way 
ANOVA by date for the AW25 site, and based on subsequent Tukey HSD testing, the 
experiment conducted in September 2019 had a significantly higher phosphorus egestion rate. 
There was an interactive effect of size and date for P egestion at the AW55 site (Table 1). The 
large mussel size class was compared with a one-way ANOVA at the AW55 site because there 
was one date without small mussel data, and the large mussels P egestion rates did not vary with 
the date.  
 
  




Figure 7:  Size specific mass normalized excretion, 
respiration and egestion rates for both sites. The error 
bars represent standard error.  
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The carbon egestion rates at the AW55 site did not vary by size or date (Table 1). 
However, the nitrogen egestion rates did vary by date. Based on subsequent Tukey HSD, the 
April 2018 experiment had a significantly lower nitrogen egestion rate than two of the other 
sampling dates at AW55. There was a significant interaction between date and size as predictors 
of mass normalized carbon egestion rates for AW25. The large mussels’ nitrogen and carbon 
mass normalized egestion rates were not significantly different by date at AW25. The mean 
carbon egestion rates were 1.14 ± 0.78 and 0.77 ± 0.30 μmol mgDW-1 day-1, and the mean 
nitrogen egestion rates were 0.067 ± 0.035 and 0.066 ± 0.04 μmol mgDW-1 day-1 for AW25 and 
AW55 respectively.  
Areal Clearance and Capture Rates 
 The data presented above were used with areal biomass estimates to calculate areal 
excretion, egestion, and respiration rates for each date. The mean areal excretion, egestion, and 
respiration rates are summarized in table 2. The area excretion and egestion rates varied more at 
the AW25 site due to the greater variation of biomass. The areal excretion and egestion rates of 
phosphorus were then used with near bottom particulate phosphorus to calculate a conservative 
clearance rate for each sampling date (Fig. 8). The mean clearance rate was 0.32 ± 0.47 L 
mgDW-1 day-1, at AW 25 and 0.26 ± 0.18 L mgDW- 1day-1 at AW55. 
Site P excr. P eg. C eg. N eg. O2 resp. CO2 resp. 
AW25 144 ± 220 128 ± 169 24000 ± 30900 1400 ± 1720 23200 ± 27000 17400 ± 20300 





Table 2: Areal excretion, egestion, and respiration (± standard deviation) rates based on mean 
mass normalized excretion, egestion, and respiration rates and areal biomass with units of 
μmol m-2 day-1. 







Figure 8: The mass specific clearance rate by date calculated 
using the mussel area egestion rate of P, area excretion of P, 
biomass per m2, and near bottom concentration of particulate 
phosphorus. The error bars represent the standard error. 
Figure 9: The area capture rates calculated using the methods described in Tyner et al. 
(2015), clearance rate and near bottom seston C, and by adding the CO2 production and 
the C egestion rate. The error bars represent the standard error.  
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The capture rate of carbon was calculated using three different methods, as described 
above. The calculated carbon capture per area was not significantly different between the 
methods based on a one-way ANOVA (p = 0.40; (Fig. 9). The area capture rates of C and N were 
calculated based on the clearance rates and near bottom seston nutrient content because the 
capture rates could be calculated for more dates using this method, and it allowed for an estimate 









Figure 10: Areal capture rates of C, P and N for AW55 and AW25. P capture rates were calculated using the 
excreted P and egestion P. The capture rates of C and N were calculated using the clearance rates and the near 
bottom seston C and P. The error bars represent standard error. 



















































































The seston C:P values during the 2018-2019 field season are similar to those reported in 
Mosley and Bootsma (2015). In the Mosley and Bootsma (2015) study, seston C:P values ranged 
from 124 to 288 in the hypolimnion, and C:P ranged from 112 to 301 in the epilimnion during 
stratification at a 55 meter site in 2013. In the current study, hypolimnetic seston C:P range from 
61 to 250 with a mean of 136 ± 42 at AW55. The epilimnion C:P ranged from 111 to 311 with a 
mean of 174 ± 55.  The biodeposits’ C:P were statistically higher than the surrounding seston for 
both sites and size classes. The biodeposit N:P was not different than seston values at either site. 
However, biodeposit C:N was significantly higher than seston C:N at AW25 for the large size 
class. Excreted C:P was statistically higher for the large size class at AW25 and the small size 
class at AW55 (Table 3). At both sites, the small mussels had the largest C:P values, but the 
Table 3: C:P, N:P, and C:N of biodeposits, excreted material, and seston from AW25 and AW55 ± the 
standard deviation. Biodeposit and excreted values that are significantly different from seston values are 
indicated with * (based on a t test, α = 0.05). The seston nutrient ratios are the nutrient ratios from below the 
thermocline on each sampling date.  
Site Bio. C:P 
Bio. 









AW25 187 ± 43 * 
11 ± 
2.3 17 ± 3.8 * 
230 ± 37 
* 150 ± 91 113 ± 8 15 ± 5 9.5 ± 1.8 
AW55 217 ± 30 * 
19 ± 
3.2 11 ± 1.6 
258 ± 36 
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small mussel size class C:P ratios varied by a large amount at the AW25 site. The variation in 
C:P for excretion is consistent with the SRP excretion and respiration results for the smaller size 
class at the AW25 site. The comparison of near bottom seston C:P and areal calculations for 




Figure 11: C:P ratios of the dissolved products, egested products, and total capture C:P at the AW25 and AW55 
sites (assuming low C and P assimilation into biomass). The error bars represent standard error. The star symbol 
indicates the C:P ratio of the near bottom seston. CO2 production was calculated using the areal oxygen 
consumption rates and a respiratory quotient of 0.75 (Bruce 1926; Martin et al. 2006; Martin 2007; Ruginis et al. 
2014).  




Mussel Community Structure 
 The bimodal distribution of mussels nearshore and offshore may be explained by round 
goby feeding because the decrease of mussels in the size range of 6 to 18 mm corresponds to 
preferential feeding by round gobies (Ray & Corkum 1997; Barton et al. 2005). Smaller gobies 
tend to rely less upon mussels when other food sources are available, which could explain why 
smaller mussels in the nearshore zone are more abundant than offshores (Ray & Corkum 1997). 
While gobies have been found at depths exceeding 55 m, they are more abundant nearshore due 
to rockier substrate and greater food availability (Corkum et al. 2004). Gobies' diet may also 
change with depth. Some studies have shown an increase in the consumption of native 
invertebrate, including Mysis relicta, with increasing depth (Schaeffer et al. 2005; Walsh et al. 
2007). Both the increased abundance and potential change in food preference make predation 
pressure of round gobies on dreissenids higher at AW25 compared to AW55, which may explain 
why the bimodal distribution is more pronounced at the nearshore site. 
 The AW25 site consistently had a higher mass per mussel length than the AW55 site, 
most likely due to greater access phytoplankton at the AW25 site due to greater transport of 
phytoplankton to the benthic boundary layer and higher phytoplankton production (Rowe et al. 
2017; Bockoldt 2018). However, the temporal trends of the mass:length ratio was similar at both 
sites (Fig. 3). The mass of the 15mm mussel can be used as an indication of the nutritional status 
of the mussel population (Nalepa et al. 2010). The mass of the 15mm mussel during the fall is 
used to compare mussel nutritional status because generally, this is after spawning occurs 
(Nalepa et al. 2010). However, Glyshaw et al. (2015) demonstrated that spawning at a 25 meter 
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depth may occur later and that the 15mm mussel mass and reproductive status may not be well 
correlated. The 2018 September 15mm mussel masses were 6.2 and 3.9 for the AW25 and 
AW55 sites respectively indicating higher nutritional content for the nearshore mussels. 
 The mussel density at the AW55 site is lower than the mussel densities determined in 
2012-2013 by Mosley & Bootsma (2015). Despite lower mussel counts, the areal biomass in this 
study at a 55 meter station offshore Milwaukee was higher than the values reported by Mosley 
and Bootsma (2015). The difference between the two studies can be explained by a decrease in 
the relative frequency of smaller mussels <8 mm and an increase in the relative frequency of 
larger mussels (Mosley & Bootsma 2015). The increase in larger mussels compared to smaller 
mussels may indicate the mussel populations are continuing to stabilize at mid-depth regions 
(Nalepa et al. 2010) or could be caused by spatial differences between the two sites. 
Excretion, Egestion, and Respiration Rates 
Mussel respiration, excretion, and egestion are known to change with mussel size, 
temperature, and food quality (Summers et al. 1996; Arnott & Vanni 1996; Tyner et al. 2015; 
Conroy et al. 2005; Mosley & Bootsma 2015). In this study, the smaller mussels seemed to be 
most sensitive to seasonal changes. These results are consistent with Tyner et al. (2015), who 
showed that smaller mussel respiration rates differed more at ambient water conditions than the 
larger mussels. The lack of difference between the mussel size classes and excretion rate at 
AW55 is also consistent with results from Mosley & Bootsma (2015), who noticed little 
difference between mussels’ size excretion at a profundal site in Lake Michigan. At the AW55 
temperature inhibits metabolic rates of the mussel, and Tyner et al. (2015) demonstrated that size 
class difference in respiration rate decreased at lower temperatures. Mussel excretion and 
egestion are also a function of the food consumed by the mussels (Vanderploeg et al. 2010; 
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Vanderploeg et al. 2017), and mussel excretion seems to be sensitive to season and temperature 
differences (Ozersky et al. 2015). When food supplies are low, mussel pumping rate and 
respiration decrease to basal metabolism (Tyner et al. 2015). As food quality and quantity 
increase, the respiration increases (Tyner et al. 2015). Although there were limited experiments 
with respiration data, the dates with the highest respiration rate for both sites corresponded to the 
dates with the highest chlorophyll a concentration and high temperature (Fig. 4 and Fig. 5).  
A similar study examined the phosphorus excretion and egestion rates offshore of 
Milwaukee at a 55 meter site from 2012 and 2013 (Mosley & Bootsma 2015). The Mosley and 
Bootsma (2015) study estimated a mean phosphorus capture rate of 215 μmol m-2 day-1, which is 
in range of the mean phosphorus capture rate estimated in this study, 324 ± 245 μmol m-2 day-1. 
The former study also noted a high DOP excretion ranging from 10% to 80% of excreted 
phosphorus, while the DOP excretion measured in this study was not statistically different from 
0. Most studies measure either measure SRP or TDP excretion, and not both (Arnott & Vanni 
1996; Conroy et al. 2005; Johengen et al. 2013; Ozersky et al. 2015; Vanderploeg et al. 2017), so 
it is unclear what environmental factors may promote DOP excretion. Despite the differences in 
excretion, the clearance rates calculated in both this study and that of Mosley and Bootsma 
(2015) were similar with a mean value of 0.28 L mgDW-1 day-1 in the Mosley and Bootsma 
(2015) study and 0.26 ± 0.18 L mgDW- day- calculated here. The mass normalized capture rates 
were also similar in both studies with an estimate of 0.007 μmol P mg-1 d-1 in Mosley and 
Bootsma (2015) and 0.008 ± 0.005 μmol P mg-1 d-1.  
In Mollusca, egestion rates of phosphorus tend to be more variable than excretion rates 
(Halvorson & Atkinson 2019). Biodeposits represent both feces and pseudofeces, and 
pseudofeces are membrane bound particles that do not pass through the gut of a mussel. 
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Biodeposit production is related to seston quality and abundance with greater nonalgal seston 
leading to higher rates of pseudofeces production (Bootsma & Liao 2014; Vaughn & Hoellein 
2018). Marine studies of biodeposits have shown that pseudofeces and feces vary in C:N:P 
masses (van Broekhoven et al. 2015; Jansen et al. 2012; Navarro & Thompson 1997). In the 
Great Lakes, the seston level is typically too low for significant pseudofeces production 
(Bootmsa & Liao 2014). However, there were two experiment runs where pseudofeces 
production was visually distinguishable: 8/23/2018 (AW25) and 5/2/2019 (AW55). The 
biodeposits on these dates contained higher C:P ratios than the other experiments (Fig. 11). This 
result is consistent with previous studies examining biodeposit composition in marine systems, 
where pseudofeces contained higher amounts of carbon, but similar amounts of phosphorus 
(Navarro & Thompson 1997; van Broekhoven et al. 2015). The higher carbon content in 
pseudofeces may be due to selective feeding processes by the mussels, which may allow the 
mussel to ingest particles with relatively higher P and N while rejecting particles that contain 
pure carbon (Newell & Jordan 1983). The long term fate of biodeposit bound nutrients have 
important implication for Lake Michigan and are discussed in further detail in chapter 3. 
 Vanderploeg et al. (2002) proposed that quagga mussels follow the rules of homeostatic 
maintenance of constant nutrient content, which means that mussels may selectively retain 
nutrients that are in low abundance in the seston relative to their requirements. The seston N:P 
ratios for both sites were close to the Redfield ratio of 16:1, but the seston C:P and C:N were 
both higher than the Redfield ratios of 106:1 and 6.6:1 (Table 3). However, N:P ratios in mussel 
tissue can be much higher than the Redfield ratio, and this can cause a shift to nitrogen limitation 
because mussels selectively retain more nitrogen in biomass than phosphorus (Arnott & Vanni 
1996; Bootsma & Liao 2014). The N:P ratios of the biodeposits were not statistically different 
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than the seston values; however, this does not indicate if mussels are selectively retaining 
nitrogen because nitrogen excretion was not measured in this study. It does appear that mussels 
are selectively retaining phosphorus compared to carbon because both the egested and certain 
size classes’ excreted material contained higher C:P than hypolimnion seston (Table 3).  
Implications for Lake Michigan  
 The capture rates of nutrients nearshore have important implications for nutrient 
dynamics in the Great Lakes because greater retention of nutrients nearshore can lead to further 
nutrient limitation offshore (Heck et al. 2004). The nearshore zone also represents an important 
link between tributaries and the offshore regions of Lake Michigan. On the eastern side of Lake 
Michigan, quagga mussel density is limited by unstable sandy substrate (Nalepa et al. 2010; 
Pothoven & Vanderploeg 2020). Due to the low density of mussels, the filtering effects of 
mussels on spring primary production are dampened by the tributary loading nearshore 
(Pothoven & Vanderploeg 2020). The western side of Lake Michigan is different, with hard 
substrate covering approximately 80% of the nearshore zone near Milwaukee (Bootsma & Liao 
2014). This rocky substrate was not sampled in this study, but nearshore in situ phosphorus 
excretion studies have been conducted in this area before (Bootsma 2009), and monitoring of the 
mussel community is completed fairly often at the AW10 site. AW10 was sampled six times 
between the 2018 and 2019 field seasons by divers from the Bootsma Lab at the University of 
Wisconsin Milwaukee. During sampling, divers scrape a 20 cm by 20 cm plot collecting mussels 
located on the harder substrate, and these samples were counted and measured as described for 
the AW25 and AW55 site. Using these estimates, the areal density at the 10 meter station is 2930 
± 600 mussel m-2. Using the length to weight analysis for AW10 (Fig. 2), the areal dry mass at 
this site is 51000 ± 9900 mg DW m-2. Assuming that the AW10 site is similar to AW25 and 
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AW55 with 40% of recycled phosphorus being in the form of biodeposits, the estimates of dry 
mass normalized in situ excretion rates of phosphorus presented in Bootsma and Liao (2014) can 
be used to estimate a phosphorus capture rate nearshore. The in situ excretion rates ranged from 
0.0048 to 0.016 μmol P mgDW-1 day-1, which equates to a capture rate of 460 to 1530 μmol P m-
2 day-1 at the 10 meter site. This estimation of P capture rate is comparable to estimates in 
Bootsma et al. (2012) when adding egestion and excretion rates of phosphorus, with p capture 
rates ranging from 499 to 1257 μmol P m-2 day-1. Unlike the eastern side of Lake Michigan, 
where the highest capture rates occur at mid-depth regions (Vanderploeg et al. 2010), the highest 
capture of nutrients occurs nearshore near Milwaukee, meaning that mussel filtering activity 
could have larger effects relative to tributary loading in the area.  
Mussel also captured a large portion of carbon along this transect. In order to put the 
capture rate of carbon in the perspective of lake process, these values can be compared to late 
summer to early fall areal phytoplankton production values determined along a transect from 
Atwater beach in 2017. During this period, the phytoplankton carbon uptake ranged from 176 to 
1215 mg C m-2 day-1 at a15 meter site and 283 to 895 mg C m-2 day-1 at a 45 meter site 
(Bockwoldt 2018). Assuming the primary production values were similar in 2018, the mussels at 
AW25 would consume 34 ± 47%, and the mussel at AW55 would consume 72 ± 35% of 
production per day. The estimate at AW55 is slightly higher than those presented by Tyner et al. 
(2015), which estimated mussels consumed 54% of primary production annually in Lake 
Michigan. However, the consumption rate of primary production at the AW25 site was similar to 
that predicted by Tyner et al. (2015). In the nearshore area, Tyner et al. (2015) estimated that 
mussels consume 267 mg C m-2 day-1 equaling roughly 31 % of primary production nearshore 
during late summer into Fall (Bockwoldt 2018). Future work should examine the effects of the 
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Milwaukee River loading and nearshore mussels on primary production throughout the year to 
determine nearshore retention of energy by dreissenid mussels during different seasons. 
While mussels capture large amounts of phosphorus, mussels also excrete a large portion 
of phosphorus in the form of SRP. In some nearshore zones (0 to 10m), the combination of high 
excretion rates by mussels and increased water clarity has led to the resurgence of nuisance 
benthic algae Cladophora (Bootsma et al. 2004; Auer et al. 2010; Bootsma et al. 2015). One of 
the key strategies in controlling Cladophora growth is reducing phosphorus loading. However, 
this method may not be effective due to the high excretion rates of mussels (Bootsma et al. 
2015). At the same time, increase external phosphorus loading may help promote phytoplankton 
growth offshore (Rowe et al. 2017). Bootsma and Liao (2014) demonstrated that mussel living 
within an 8 km stretch in the 0-10 m depth zone near Milwaukee excreted amounts of dissolved 
phosphorus that was similar to phosphorus loading into Lake Michigan by the Milwaukee River. 
The work presented here demonstrates that high capture rates and recycling rates of phosphorus 
continue from nearshore to mid-depth regions offshore of Milwaukee. Within an 8 km stretch of 
shoreline and extending to the 8.25 km offshore, mussels excrete 12700- 30200 moles P day-1 
with 50-65% of excretion occurring in areas 0-15 meters in depth based on the phosphorus 
excretion estimates in this study and bathymetry of Southern Lake Michigan (National 
Geophysical Data Center 1996). This amount far exceeds the 8000 moles P day-1 estimate of the 
Milwaukee River loading into Lake Michigan (Bootsma & Liao 2014), demonstrating the 
difficulty in managing low phosphorus concentration in nearshore benthic regions. 
While this excreted phosphorus may promote phytoplankton growth, phytoplankton have 
limited ability to utilize this resource in deeper regions that experience stratification and light 
limitation (Zhang et al. 2011; Shen et al. 2018). Historically, large amounts of phosphorus were 
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recycled by Zooplankton in the euphotic zone. Current estimates of Zooplankton recycling can 
be calculated using estimated clearance rates of zooplankton (Scavia & Fahnenstiel 1987), the 
zooplankton biomass after the mussel invasion (Vanderploeg et al. 2012), and the concentration 
of particulate phosphorus. The estimate of current zooplankton recycling rates of phosphorus 
would be between 20-190 μmol P m-2 day-1 at AW55 and 30-230 μmol P m-2 day-1 at AW25, 
which are similar to the measured mussel excretion in this study. Based on this, a large portion of 
SRP, equal to the amount recycled in the water column, is excreted in the benthos, where 
phytoplankton cannot take advantage of it. However, benthic bacteria may utilize a large portion 
of the excreted phosphorus, which could have important implications for benthic nutrient cycling 
(See Chapter 3). More work is needed to determine the fate of nutrients in the benthos and the 
potential uptake of nutrients by benthic bacteria. 
Summary 
 Profundal mussels have relatively constant capture rates of nutrients compared to the 
nearshore mussels, partly due to persistent cold temperatures in the benthos. The capture and 
recycling rates of nutrients for near-shore mussels vary more seasonally due to the larger 
fluctuations in temperature. Nearshore mussels also have higher excretion, respiration, and 
egestion rates per unit dry mass than the mid-depth region mussels. However, mussels live in 
much higher densities at the 55 meter site compared to the 25 meter site. The high density of 
mussels at AW55 site led to similar capture rates of nutrients at this site compared to the 25 
meter site.  
 In the nearshore zone close to Milwaukee harbor, mussels are able to colonize roughly 
80% of the substrate (Bootsma & Liao 2014), and past studies have demonstrated how mussels 
excretion in this area can promote the growth of Cladophora (Bootsma et al. 2012). This study 
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demonstrates that the highest capture rates by mussels are nearshore, but remain relatively high 
into the mid-depth regions when compared to primary production. The results of this study 
indicate that both the nearshore and mid-depth regions near Milwaukee Harbor may act as sinks 
for nutrients furthering offshore limitation. 
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CHAPTER 3: Quagga mussel (Dreissena rostriformis bugensis) biodeposit effects on benthic 
nutrient cycling in Lake Michigan 
Abstract 
 
 Dissolved nutrient production by dreissenid mussels is well understood, but the fate of 
biodeposits and their effect on nutrient cycles is not well understood. In Lake Michigan, 
biodeposits represent a significant fraction of the phosphorus ingested by dreissenids, and so 
their fate may have important implications for P cycling. In this study, a series of experiments 
were conducted to determine the fate of biodeposits and their effect on dissolved nutrients over 
time scales of 2-3 weeks. Biodeposits promoted bacteria growth, which in turn led to an uptake 
of dissolved forms of C, N, and P. The bacteria depleted dissolved phosphorus concentration to 
below detection limit, 0.016 μmol/L, within ten days of incubation. After 12-15 days, dissolved 
P concentration increased to levels higher than the starting conditions, indicating that biodeposits 
were a net source of dissolve P over longer time scales. 
Introduction 
 
Dreissena polymorpha (zebra mussels) and Dreissena rostriformis bugensis (quagga 
mussels) invaded the Great Lakes in the late 1980s, altering critical ecosystem processes 
including nutrient cycling and primary production. In Lake Michigan, zebra mussels spread 
quickly, colonizing the shallow nearshore. However, quagga mussels soon displaced zebra 
mussels reaching densities over 10,000 mussels per square meters in some areas of the southern 
basin of Lake Michigan due to the ability of quagga mussels to colonize soft sediments in the 
deeper, colder, less productive waters (Nalepa et al. 2010). Quagga mussels’ high grazing rates 
have caused significant declines in spring phytoplankton productivity (Fahnenstiel et al. 2010; 
Vanderploeg et al. 2010). At the same time, increased nutrient recycling and water clarity in the 
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nearshore zone have promoted the growth of nuisance Cladophora (Bootsma et al. 2004; Auer et 
al. 2010; Bootsma et al. 2015). In order to better understand the ecosystem response to these 
changes, several studies have examined how quagga mussels have modified the Great Lakes’ 
nutrient cycles (Hecky et al. 2004; Zhang et al. 2011; Mosley & Bootsma 2015; Rowe et al. 
2017; Shen et al. 2018). Most of these studies have focused on the direct effects of mussel 
grazing and the excretion of dissolved nutrients. Although much of the material ingested by 
dreissenids is egested as biodeposits (feces and pseudofeces) (Lauringson et al. 2007; Mosley & 
Bootsma 2015), there have been virtually no measurements of the fate of this pool of carbon and 
nutrients (Bootsma & Liao 2014).  
The ability of dreissenids to filter particulates and recycle nutrients is determined to a 
large degree by particle delivery rate, so hydrodynamic processes modulate their effects on 
plankton and nutrient dynamics (Zhang et al. 2011; Row et al. 2015; Row et al. 2017; Shen et al. 
2018). In Lake Michigan, dreissenid grazing significantly reduces phytoplankton abundance 
during the isothermal period because the high rates of mixing allow mussels to access the entire 
water column (Rowe et al. 2017; Shen et al. 2018). While mussels in the nearshore zone continue 
to have access to phytoplankton in the euphotic zone throughout the year, grazing of 
phytoplankton by profundal mussels is limited to the hypolimnion with the lower 10 meters 
experiencing the most considerable phytoplankton reduction (Shen et al. 2018).   
Mussel mediated alteration of phosphorus dynamics in Lake Michigan and other Great 
Lakes has created a dilemma for managers. Currently, Lake Michigan is meeting the target total 
phosphorus loading of 5600 MTA set by the Great Lake Water Quality Agreement, and in-lake 
total P concentrations are below the target of 7 g/L (Mida et al. 2010). These low loads, along 
with mussel grazing, have depleted pelagic phytoplankton (Fahnenstiel et al. 2010; Bootsma et 
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al. 2012; Rowe et al. 2017; Shen et al. 2018) with negative effects on higher trophic levels 
(Vanderploeg et al. 2002; Turschak et al. 2014).  At the same time, mussel phosphorus recycling, 
along with increased water clarity, supports nuisance algal growth in the nearshore zone (Auer et 
al. 2010; Bootsma et al. 2015). Dreissenid mussels may decrease offshore pelagic phosphorus 
concentrations through retention in both the nearshore zone (Hecky et al. 2004) and the 
profundal benthos (Chapra & Dolan 2012; Mosley & Bootsma 2015; Rowe et al. 2017). This 
may be achieved in part through a reduction in sediment resuspension through the production of 
biodeposits, which aggregate smaller particles (Hecky et al. 2004). 
Biodeposits represent up to 40% of the P released by mussels at mid-depth regions in 
Lake Michigan, equating to 86 μmol P m-2 day-(Mosley & Boostma 2015).  To put biodeposit 
production in context, phytoplankton require roughly 104 μmol P m-2 day- for primary 
production, based annual areal phytoplankton production rates at mid-depth regions reported by 
Fahnenstiel et al. (2016), and a seston C:P ratio of 200:1 (Bockwoldt 2018). The biodeposit 
production rate is also six times higher than the passive settling rate of phosphorus (Mosley & 
Bootsma 2015), reflecting the mussels’ ability to scavenge P from the water column (Shen et al. 
2020). The fate of this P has important implications for water column P concentrations.  If this P 
is rapidly recycled, then as mussel populations reach a steady state (in that there is no net loss of 
P to mussel biomass), the supply of dissolved P to the water column may increase to levels 
similar to those prior to the establishment of dreissenids. However, if this P is refractory, then 
mussel grazing and biodeposit production will represent a net loss of P from the water column, 
with reduced availability to phytoplankton (Bootsma & Liao 2014).  
Freshwater bivalves typically egest more nitrogen and phosphorus than they excrete 
(Halvorso & Atkinson 2019), but the fate of freshwater biodeposits and bound nutrients are not 
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well understood (reviewed by Strayer 2014). In marine environments, studies of bivalve 
biodeposits in mussel farming regions have demonstrated that decomposition is associated with 
increased bacterial growth (Grenz et al. 1990; Jansen et al. 2012; van Broekhoven et al. 2015). 
Giles and Pildith (2004; 2006) demonstrated that bacterial decomposition of biodeposits in a 
marine system increased oxygen consumption, altered P and N dynamics, and occurred at a rate 
faster than phytoplankton decomposition. In freshwater systems, dreissenid mussels are 
associated with an increased abundance of heterotrophic bacteria in the benthos (Roditi et al. 
1997; Lohner et al. 2007; Vaughn & Hoellein 2018). Biodeposits, or the bacteria growing on 
them, may serve as a food source for benthic invertebrates (Lohner et al. 2007). Hence, the 
carbon and phosphorus in biodeposits may be returned to the pelagic food web through a 
mechanism similar to the microbial loop (sensu Pomeroy 1974), with bacteria, protozoans, and 
benthic invertebrates serving as vectors, as has been observed in some marine systems (Genz et 
al. 1990; Giles and Pildith 2006; Jansen et al. 2012; van Broekhoven et al. 2015). The purpose of 
this study was to determine the short-term (days-weeks) fate of quagga mussel biodeposit 
phosphorus, carbon, and nitrogen in Lake Michigan, and these nutrient pools may affect whole-
lake nutrient and carbon dynamics.  
Methods 
Biodeposit Collection 
 Mussels used for biodeposit production were collected with a Ponar grab sampler from 
two different sites in Lake Michigan offshore of Milwaukee. Mussels used for batch experiments 
were gathered from a 25 meter deep site (AW25), and mussels used for flow-through 
experiments were collected from 55 meter deep site (AW55). Around 150 mussels were used to 
collect biodeposits in the first experiment. After the first experiment, 400 mussels were used to 
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collect a greater amount of biodeposits so that the measured response would be more detectable. 
Mussel ranging from 8 to 25 mm were used for biodeposit collection. 
Mussels were cleaned immediately after collection by placing them on 0.75 cm mesh and 
gently rinsing with unfiltered lake water until no particulates were observed detaching from the 
mussels. After the mussels were cleaned, the mesh containing the mussels was placed in a 5.7 
liter chamber filled with unfiltered lake water collected from below the thermocline. The mussels 
were left in the chamber for 48 hours in a cooler at 4˚C to produce biodeposits. The upper half of 
the water in the chambers was decanted and replaced with unfiltered cold hypolimnetic water 
every 6 hours to provide food and prevent hypoxia. Phytoplankton within the chamber represents 
an insignificant contribution to the deposited material because, assuming an average 
concentration of chlorophyll a of 0.7μg/L, phytoplankton account for 67 μmol of carbon, 
calculated using a 16.7:1 of carbon to chlorophyll a (Fahnenstiel and Scavia 1987). If all 
phytoplankton settled to the bottom, it would represent less than 2% of the particulate carbon 
within the biodeposit mixture at the end of the collection period. 
 After the 48-hour biodeposit production period, biodeposits were condensed into a 200 
ml slurry using a gravimetric separation funnel. Biodeposits include both feces and pseudofeces. 
Pseudofeces are membrane bound particles that do not pass through the gut of the mussel and are 
easily distinguished from feces. No pseudofeces were present in the biodeposit slurry based on 
visual inspection. The slurry was gently homogenized, and acid-washed plastic syringes were 
used to take 10 mL subsamples. The subsamples were used as biodeposit additions, and to 
determine the biodeposit mass and composition prior to incubation.  
Biodeposit Chemical Analysis 
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A subset of the biodeposit subsamples was filtered on pre-weighed Whatman GF/F filters 
(0.7 μm nominal pore size) and dried at 70˚C for 12 hours. The remaining subsamples were 
frozen and stored at -20˚C to later determine bacterial abundance. Freezing at this temperature is 
a common practice for fecal samples and has shown limited effects on bacteria abundance counts 
(Vlčková et al. 2012; Mathay et al. 2015). The filters were weighed and analyzed for particulate 
phosphorus, nitrogen, and carbon. Phosphorus was analyzed using the molybdate-antimony 
method (Stainton et al. 1974) after combustion at 550˚C and two-hour acid digestion with 2 mL 
of 1N HCl and 10 mL of type 1 water. An elemental analyzer (model: NA 1500 NCS from 
Carlo-Erba instruments) was used to determine carbon and nitrogen content with acetanilide 
standards ranging from 0.2 to 1.0 mg.  
Microbial cell counts 
 Bacterial abundance was analyzed using the DAPI staining technique (Porter & Feig 
1980). The frozen biodeposit samples were thawed at 4°C overnight, diluted 10-times in 
phosphate buffer saline (PBS), fixed by mixing a 1 mL sample with 111 µl of 21% 
formaldehyde, and stored at 4°C until ready for staining. Six-µl 4′,6-diamidino-2-phenylindole 
(DAPI) fluorescent dye was added to fixed 1 mL samples, inverted to mix, and incubated at 
room temperature in the dark for 15 minutes. Stained samples were filtered onto a 0.22-µm, 17-
mm polycarbonate filter and mounted to glass slides with one drop of immersion oil and 
coverslips. Slides were stored at -20°C until ready for microscopy.  
 Bacteria samples were photographed at 630x magnification with a Zeiss Axio Imager 
upright confocal fluorescence microscope. The area of the filter each image covered was 0.05 
mm2, so each image represented 0.02% of the total filter area. Ten images were taken of each 
slide, and each image represented 0.0002 mL of the original sample. The bacteria count per 
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milliliter of the sample was calculated for each image, and this was used to determine the total 
amount of bacteria within the subsample, which was then converted into cell/mg using the 








The batch experiments were performed in glass chambers filled with filtered (0.7μm 
GF/F) lake water collected 1 meter above the lake bottom. The batch experiments were 
conducted on three occasions. Each experiment consisted of two treatments carried out in 
triplicate: filtered water with the addition of biodeposit slurry (B), and filtered water with added 
biodeposit slurry plus 1 μmol/L potassium phosphate (B+P).  In addition, triplicate controls of 
filtered lake water with added 1 μmol/L potassium phosphate were set up (FW+). Experimental 
conditions are summarized in Table 4. The purpose of the phosphorus addition was to determine 
the potential P demand of bacteria growing on biodeposits. All chambers were gently aerated to 
ensure the water remained oxygenated and mixed without resuspending the biodeposits. The 
chambers were loosely covered with aluminum foil to prevent particulate contamination while 
allowing air to escape. Incubations were conducted in a dark walk-in cooler maintained at 4˚C. 
 Water samples for soluble reactive phosphorus (SRP) and total dissolved phosphorus 
(TDP) analysis were taken 1, 12, and 24 hours after the slurry addition. After the 24-hour sample 





Biodeposit Starting Mass 
(mg) 
Temperature (˚C) 
1 14 0.5 1.95 +/- 0.85 4 
2 17 0.5 13 +/- 0.4 4 
3 22 3 10.3 +/-0.95 4 
Table 4: Conditions for each of the three batch experiments. The experiments were terminated 
when a noticeable biofilm was observed in the FW+ treatment. The biodeposit mass was 
increased after the first experiment in order to make the response of biodeposits easier to detect. 
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time, samples were taken every other day for a total experiment time of 14 to 22 days. All water 
samples were filtered through Whatman GF/F filters prior to analysis. SRP and TDP analyses 
were conducted according to the molybdate-antimony method, with TDP samples first being 
digested by the addition of H2SO4 and H2O2, followed by 2 hours of photo-oxidation (Stainton et 
al. 1974). The dissolved organic phosphorus concentration (DOP) was calculated as the 
difference between the TDP and SRP. At the end experiments 1 and 2, all of the biodeposits 
were condensed using a gravimetric separation funnel. The slurry was gently homogenized and 
subsampled in equal volumes for bacteria counts, mass, phosphorus, carbon, and nitrogen. The 
bacteria count samples are not dried and weighed prior to analysis, so the mass of these samples 
was accounted for by assuming that the subsample used for bacteria counts had the same mass as 
the other subsamples. In experiment 3, the ending volume within the chamber was too large to 
condense the entire portion of biodeposits. The chambers were gently homogenized, and 
approximately 1 liter of the ending volume was condensed and subsamples as described for 
experiments 1 and 2. The remainder of the biodeposits were filtered onto two GF/F filters to 
account for the total mass.  
Biofilm Sampling 
 A noticeable biofilm started to grow on the walls of all chambers around day 13. The 
biofilm was sampled in experiment 3 and in the flow-through experiment (described below) to 
allow for the calculation of C, N, and P mass balances. In order to sample the biofilm, the water 
and biodeposits in each chamber were first siphoned into an acid cleaned container, after which 
Type 1 water was added to the chamber. The walls of the chamber were scraped with a clean 
brush to suspend the biofilm. The biofilm slurry was gently homogenized. The slurry volume 
divided in half and filtered onto two GF/F filters for phosphorus, carbon, and nitrogen analysis.  
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Mussel Flow-Through Experiment  
A flow-through experiment was designed to better mimic in-lake conditions. Two 
different treatments were used in this experiment: filtered water with biodeposits (B), and filtered 
water with biodeposits and antibiotics (B+A). Antibiotics were added to test the hypothesis that 
bacterial growth was responsible for the uptake of dissolved P. In addition, three control 
chambers (C) were run conjunction with the biodeposit treatments with filtered lake water.  In all 
treatments and the control, potassium phosphate was added to produce a concentration of 0.065 
μmol/L, which is similar to concentrations measured immediately above the lake bottom. The 
antibiotic ciprofloxacin was added at a concentration of 5 μg/L in the antibiotic treatment. 
Chamber design is shown in Fig. 12. The same reservoir was used for all triplicate chambers of 
the same treatment. The outflow of each chamber flowed back into the reservoir to minimize the 
volume of filtered water needed to conduct the experiment. While this resulted in a slow increase 
in the concentration of dissolved P in the reservoir, it did not affect measurements of recycling 
Figure 12: Diagram of the flow through experiment set up. Solid arrows 
show the water flow direction. Dashed arrows show the air flow 
direction. Air is allowed to escape the reservoir through the loosely 
secured top. 
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rates, which are determined based on the difference between chamber inflow and outflow 
dissolved P concentrations. A peristaltic pump was used to maintain a continuous flow rate of 1 
ml/minute in and out of the 1 L chamber. The residence time of water within the chambers was 
16.7 hours. An aerator was pumped through a 5% HCl solution before entering the chamber to 
minimize bacterial contamination. Both the chambers and the reservoirs were aerated to ensure 
the water remained well mixed and oxygenated. Reservoirs were changed every three days, and 
on those days, all tubing was rinsed with 5% HCl followed by type 1 water to minimize biofilm 
growth. The incubation was conducted in a dark walk-in cooler similar to the batch experiments.  
 Water samples were collected daily from the reservoir and outflow tubes. All water 
samples were filtered through 0.2 μm membrane filters prior to analysis. Water samples were 
analyzed for SRP, TDP, dissolved organic carbon (DOC), and total dissolved nitrogen (TDN). 
SRP and TDP were analyzed using the methods described above. DOC and TN were analyzed on 
a total organic carbon analyzer (model: TOC-L CPH/CPN from Shimadzu). Incubations lasted 
12 days, after which the biodeposits and biofilm were sampled and analyzed as described above. 
The uptake/production rate of nutrients in the flow-through experiments was calculated 
as 
   R =
(Ci×V−Co×V)
Tr
     (2) 
where R is the uptake rate in μg/hr, Ci is the inflow concentration of the previous day (to account 
for chamber residence time), V is the volume of the container, Co is the outflow concentration, 
and Tr is the residence time of water in the chambers. 
Water Column Sampling 
  Bi-weekly water column sampling was conducted at AW55 from April 2018 through 
October 2018. Water samples were taken with a 5 L Niskin bottle at depths of 2 m, 10 m, 15 m, 
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20 m, 25 m, 30 m, 35 m, 40 m, 50 m, and 54 m for particulate phosphorus, total dissolved 
phosphorus, and soluble reactive phosphorus measurements. The measurements of phosphorus 
were used in a model to determine the effects of biodeposits on water column phosphorus 
concentrations. Known volumes of water were filtered onto GF/F filters, and the filtrate was 
collected. The filters were used to analyze particulate phosphorus, and the filtrate was analyzed 
for TDP and SRP, as described above. 
Statistical analysis 
The final biodeposit composition was compared to the initial subsamples using a t-test 
with a significance level of 0.05. Variance among treatments was determined using a one-way 
ANOVA, followed by a Tukey HSD test for multiple comparisons with a significance level of 




Mussel Biomass (B) 41,000 mg m-2 (Ponar densities from 2018 unpublished data) 
Mussel Clearance rate (C)        0.28 L mgDW-d- (Mosley & Bootsma 2015) 
Starting [SRP]         0.017 μmol L- 
P Excretion (μmol m-2 day-1)         0.60*CR 
P Egestion (μmol m-2 day-1)         0.40*CR 
Starting [PP]         0.072 μmol L- 
Portion of PP lost to sedimentation (S)         0.007 (MacLellan-Hurd & Bootsma unpublished) 
Phytoplankton C:P         200: 1 (Bockwoldt 2018) 
Mean Phytoplankton Uptake of P          104 μmol m-2 day-1 (Fahenstiel et al. 2016) 
External input of P         3.44 μmol m-2 (Dolan & Chapra 2012) 
 
Table 5: List of assumptions for the biodeposit model. 
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The potential effects of mussel biodeposit production on water column P concentration 
were explored with a simple model that simulated mussels grazing, egestion, and excretion for a 
55 meter deep site under mixing conditions. The model assumptions are provided in Table 5. The 
total concentration of phosphorus was calculated as the sum of particulate phosphorus and total 
dissolved phosphorus. DOP concentrations remained constant in the simulation, so any changes 
to the dissolved P were accounted for in the SRP pool. The concentration of particulate P (μmol 
m-2) was calculated using the following equation 
[𝑃𝑃]𝑥 =  [𝑃𝑃]𝑥−1 −  𝐶𝑅 − 𝑆 + 𝑃𝐺        (3) 
where x is days, CR is the capture rate of phosphorus by mussels, S is the loss to sedimentation, 
and PG is phytoplankton growth. The capture of phosphorus by mussels was calculated as 
𝐶𝑅𝑥 = [𝑃𝑃]𝑥−1 ∗ 𝐵 ∗ 𝐶         (4) 
where B is the biomass of mussels in mg m-2, and C is the clearance rate of mussels in mg DW- 
day-. Phytoplankton growth in terms of P was set to the mean phytoplankton uptake of 
phosphorus unless SRP concentrations fell below this value. If SRP concentrations were below 
the mean phytoplankton uptake of phosphorus, then the phytoplankton growth in terms of P was 
set equal to the input of SRP on that day (i.e., mussel excretion and external inputs). The 
concentration of SRP (μmol m-2) in the model was calculated with the following equation. 
𝑆𝑅𝑃𝑥 = 𝑆𝑅𝑃𝑥−1 − 𝑃𝐺 + 𝑀𝑢𝑠𝑠𝑒𝑙 𝐸𝑥𝑐𝑟𝑒𝑡𝑖𝑜𝑛     (5) 
The simulations with the recycling of biodeposits added a portion of the egested P from the 










SRP decreased in all the chambers in the batch experiments (Fig. 13). The loss of SRP in 
the control (FW+) was caused by biofilm growth on the sides of the chamber. It is assumed that 
both biodeposit treatments started to experience biofilm growth at the same point as the FW+ 
Figure 13: Changes in SRP concentrations in the batch experiment chambers over time. The starting biodeposit 
mass for experiment 1, 2, and 3 are 1.95 +/- 0.85 mg, 13+/- 0.4 mg, and 10.3 +/- 0.95 respectively. Vertical bars 
represent the standard error among replicates. Plot D: Conceptual pattern of SRP concentration of the biodeposit 
treatments over time. The time scale is not the same for all plots and varies based on the duration of the 
experiment. 
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treatment, which was supported by visual inspection of the chamber walls. The SRP 
concentration in both biodeposit treatments in all trials declined below the detection limit (0.016 
mol/L) around day 10, prior to the start of biofilm effects. In all three experiments, the SRP 
concentrations in treatments with biodeposits alone (no added phosphate) showed similar 
temporal trends, albeit with different magnitudes and slightly different timing: a gradual decrease 
in SRP up to day 10-15, followed by a several-day increase in SRP.  In experiments A and C, 
this was followed by another decrease in SRP (Fig. 13).  
The DOP concentration increased in all the chambers with the exception of the B 
treatment in experiment 2, but DOP concentrations were lower than SRP concentrations, with the 
exception of FW+ control in experiment 3 (Fig. 14). The DOP concentration in the B+P 
treatment was consistently higher than in the B treatment. The B+P concentrations of DOP were 
constantly higher around day 7 to day 12 than the FW+ treatment in each experiment, which may 
be due to increased bacterial activity on the biodeposits. The FW+ treatment DOP concentration 
increased after day 10-15 depending on the experiment run, likely due to the biofilm biological 
activity converting SRP into DOP. 
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Figure 14: Graphs showing the changes in DOP concentrations in the chambers over time for experiments 1, 2, and 
3. The starting biodeposit mass for plots A, B, and C are 1.95 +/- 0.85 mg, 13+/- 0.4 mg, and 10.3 +/- 0.95 
respectively. The error bars represent the standard error among the replicates. Plot D: DOP concentration of the 
biodeposit treatments for all three experiments. 
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In batch experiment 3 (the longest 
experiment), the addition of biodeposits + phosphate 
resulted in a significant increase in the biodeposit 
mass, along with the total mass of particulate C, N, 
and P (Fig. 15).  A similar increase was observed in 
batch experiment 1 for C and N. The starting 
biodeposit mass in experiment 2 was much larger 
than the starting mass in experiment 1, which may 
account for the differences in the results of those two 
experiments. The average concentration of DOC at 
AW25, the site water was collected for these 
experiments, was 2.0 ppm with a standard deviation 
of 0.2 ppm. In experiments 1 and 2, that would equate 
to about 80 μmol DOC, and in experiment 3, this 
would equate to about 570 μmol DOC at the start of 
the experiment. The mass of carbon in the DOC is 
sufficient to account for the increase in biodeposit 
carbon for all experiments. 
 Experiment 3 was exposed to the largest 
amount of phosphate (3 μmol compared to 0.5 
μmol SRP) due to the larger volume of water used 
in this experiment, and experiment 3 was allowed 
to continue for the longest period of time making 
Figure 15: Biodeposit composition in batch 
experiments 1, 2 and 3 with durations of 14, 17, and 
22 days respectively. B represents biodeposits from 
the filtered water treatment, and B+P represents 
biodeposits from the filtered water with added 
phosphorus treatment. Vertical lines represent the 
standard error among replicates. * symbol represents 
significant difference between the initial and final 
composition based on t-test (p< 0.05). 
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biodeposit composition differences easier to detect in 
this experiment. The final mass of the biodeposit in 
the B treatment (no P added) in experiment 3 was 
significantly lower than the starting mass, indicating 
that the biodeposits were being decomposed. Similar 
results are not noted in the other trials most likely due 
to the shorter durations, although experiment 2 did 
show that biodeposits were releasing dissolved P near 
the end of the experiment. Also, Experiment 2 did not 
result in any significant differences in biodeposit 
composition, but the biodeposit P mass in the B+P 
treatment increased (p = 0.08), consistent with the 
experiment 3 results.  
Bacteria grew on the biodeposits in both 
treatments in all three experimental runs (Fig. 16). All 
bacterial cell counts for the biodeposits treatments 
were significantly higher than the starting biodeposits 
based on a student’s t-test. The bacteria counts were 
significantly higher in the B treatment for experiment 
3, even though the biodeposit mass significantly 
decreased in this treatment (Fig. 15). This suggests 
that the change of mass is due to the microbial 
breakdown of the biodeposit and not by bacteria 
Figure 16: Total bacterial cell numbers on the 
biodeposits for experiment 1, 2 and 3. * symbol 
represents statistical difference between the 
starting cell counts and the ending cell counts 
for the two treatments based on a t test with a 
0.05 significance level. ** symbol represent 
statistical difference between the B and B+P 
treatments based on a t test with a 0.05 
significance level. The error bars represent 
standard error. 
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mortality. The final bacteria counts were not significantly different between the two biodeposit 
treatments for runs 1 and 2 with p values of 0.12 and 0.06 when compared with a t-test based on 
a 0.05 significance level. The biodeposit with added phosphorus had a higher bacterial 
abundance than the biodeposit treatment in experiment 3 with a p-value <0.01. 
Biofilm samples were collected in Experiment 3. In this experiment, more phosphorus 
was assimilated by bacteria growing on the biodeposits than the bacteria going in the biofilm 
(Table 6). The biofilm in the FW+ control contained a much higher phosphorus mass than the 
biofilm in either of the biodeposit treatments (Fig. 17), suggesting that much of the phosphorus 
in the treatments were utilized by bacteria on the biodeposit prior to biofilm growth occurred. 
The C:P ratio in the biofilms of the B+P treatments was higher than that in the B treatment, 
indicating that phosphorus was limiting. Accounting for the biofilm in experiment 3 allowed for 
a phosphorus mass balance for each of the chambers. The total P measured in most of the 
chambers was slightly less at the end of the incubation compared to the starting amount, but in 
most cases, the difference was less than 13%. Three biodeposit treatments exceeded this: 
biodeposit treatment replicate B, and biodeposit treatment with added phosphorus replicates A 
and C. The biodeposit treatment discrepancies in phosphorus mass balance may be due to 
leaching of P from the biodeposit immediately following the initial addition (Carlsson 2010). 
This would have resulted in this P being accounted for twice because the leached P would have 
been included in the initial dissolved P pool and particulate pool because initial dissolved P 
measurements were taken 1 hour after the biodeposit addition. The B treatment replicate A is not 
included in the budget because the glass chamber broke prior to when the biodeposits could be 
sampled. 







Figure 17: Bar plot showing the differences in 
the biofilm composition within the three 
treatments of experiment 3. Error bars represent 
standard error among replicates. * symbol 
represents statistical difference based on one-
way ANOVA results to the 0.05 significance 
level. Columns that contain the same number of 
* symbols are not significantly different from 
one another. 
 









































FW+ A 3.09 NA 3.09 NA 1.74 1.08 0.36 3.17 -0.08 
(7%) 
B 3.01 NA 3.01 NA 1.61 1.51 0.32 3.44 -0.43 
(13%) 
C 2.97 NA 2.97 NA 1.80 1.16 0.31 3.27 -0.30 
(9%) 
B B 0.29 0.63 ± 
0.06 
0.90 0.53 0.04 0.13 0.06 0.76 0.16 
(22%) 
C 0.23 0.63 ± 
0.06 
0.83 0.62 0.01 0.15 0.05 0.83 0.02 
(3%) 
B+ A 3.16 0.63 ± 
0.06 
3.77 1.62 0.57 0.35 0.27 2.82 0.97 
(35%) 
B 2.97 0.63 ± 
0.06 
3.58 2.04 0.56 0.39 0.26 3.26 0.34 
(10%) 
C 2.99 0.63 ± 
0.06 
3.60 1.87 0.41 0.27 0.20 2.75 0.87 
(32%) 
Table 6: Phosphorus mass balance for experiment 3 for the filtered water with added phosphorus (FW+), biodeposits 
treatment (B), and biodeposit treatment with added phosphorus (B+) chambers. All P values are in μmol. The final 
column represents the difference between the starting total P and ending P. 
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Flow Through Experiment 
 
 Growth of biofilm in the AB treatment chambers indicated there was growth of antibiotic 
resistant bacteria. As a result, the uptake rates of SRP, TDP, DN, and DOC in the AB treatment 
were similar to those in the treatment with biodeposit only (Fig. 18), although there were some 
notable differences.  The AB treatment released a high amount of SRP on the second day of the 
incubation, possibly due to the death of bacteria caused by the antibiotic. Subsequently, SRP 
Figure 18: Flux rates of SRP, DOP, DOC, and TDN in flow-through chambers with biodeposit alone (B) and 
biodeposit + antibiotic (AB) normalized to the control and starting biodeposit mass. Vertical lines represent the 
standard error among replicates. Positive values indicate nutrient capture, and negative values indicate nutrient 
release by the biodeposit. 
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uptake increased on day three, suggesting antibiotic resistant community began to grow at that 
time. After day three, the carbon and nutrient fluxes were similar in the two treatments. The AB 
treatment assimilated a large portion of DOP on day 2 and 3, while the B treatment was 
continuously losing DOP until day 6. The initial uptake in DOP in the antibiotic treatment (AB) 
may be due to the mode of action of ciprofloxacin, which inhibits DNA replication through 
disrupting DNA topoisomerase and DNA-gyrase.  The inhibition of DNA replication may have 
caused the antibiotic resistant bacteria to use some DOP to meet their cellular requirements 
(Sisma-Ventura & Rahav 2019). On day 6, the DOP fluxes of the two treatments were nearly 
identical. Between days 5 and 12, the flux of SRP decreased in both the B and AB experiments, 












Figure 19: Changes in biodeposit mass and composition during 
the flow through experiment in chambers with biodeposits only 
(B) and biodeposits + 5 g/L ciprofloxacin (AB). Flow-through 
experiment contained a dissolved phosphate concentration of 
0.065 mol/L, and was conducted for 12 days. Vertical lines 
represent the standard error among replicates. * represents 
statistical difference between the treatment and the starting 
biodeposit using a t test with a 0.05 significance level. 
 





In both treatments, the biodeposit N mass increased significantly over time. Significant 
increases of biodeposit C and C:P only occurred in the B treatment (Fig. 19), suggesting that 
bacterial growth was at least partially inhibited in the AB treatment. The final mass of the AB 
biodeposits was lower than the starting mass (p = 0.06), which may be caused by initial changes 
caused by the antibiotic treatment. The bacteria assimilated more phosphorus and nitrogen on the 
biodeposit than the bacteria in the biofilm. However, more carbon was assimilated by biofilm 
bacteria (Fig. 20). DOC uptake may have been driven more by bacteria growing on the chamber 
walls than bacteria growing on the biodeposits. Still, the biodeposit increased in C mass for the 
biodeposit-only treatment demonstrating that DOC was also taken up by biodeposit bacteria.  
 
Figure 20: Uptake P, C, N, and C:P ratio of the captured nutrients by the biofilm and biodeposits in the 
flow-through experiment. Vertical lines represent the standard error among replicates. Flow-through 
experiments was conducted for 12 days. 




Nutrient uptake by bacteria 
Bacteria growing on the biodeposits are using dissolved forms of phosphorus, carbon, 
and nitrogen to meet growth requirements. Carbon and nutrient uptake was demonstrated by the 
decrease in phosphorus in the batch experiments and nutrient flux rates in the flow-through 
experiment. Nutrient ratios dictate bacteria uptake in nutrients from biodeposits. Heterotrophic 
bacteria tend to maintain internal nutrient ratios through the process of homeostatic maintenance, 
as has been demonstrated for Escherichia coli (Makino et al., 2003). However, there is evidence 
that bacteria are more flexible with C:P ratios than C:N ratios (Cotner et al., 2010). The 
flexibility in C:P ratios is most likely due to the ability to substitute sulfolipids for phospholipids 
in membranes (Geiger et al., 1999; López-Lara et al., 2003; Cotner et al., 2010). In order to 
maintain nutrient ratios, bacteria utilize dissolved nutrients to supplement those available in the 
biodeposits. The mean starting C:N:P of the biodeposits in this study was 112:7:1 for the batch 
experiments and 193:19:1 for the flow-through experiments, with the difference due to the 
different mussel collection depths. Based on these ratios, a large decrease in the C:P ratio for the 
flow-through experiments was expected, but the C:P increased. The DOC to DP ratio in the 
inflow water was 1500:1, so the increase in C:P ratio in the biodeposits in the flow-through 
experiment may be caused by the relatively low amount of dissolved phosphorus available in the 
incubation. However, the C:N ratio of the biodeposits did not change in the flow-through 
experiment and decreased in the batch experiments. These results are consistent with 
observations by Cotner et al. (2010) that bacteria maintain C:N ratios and are more variable with 
C:P ratios. 
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This study demonstrates bacterial colonization of biodeposits but does not explore the 
grazing of bacteria that might lead to the subsequent release of nutrients. In pelagic systems, 
bacteria utilize large portions of phosphate competing with phytoplankton for this resource 
(Cotner and Wetzel, 1992), but bacteria do not represent long-term storage of nutrients due to 
high grazing by protozoa (Scavia and Laird, 1987; Carrick et al., 1992; Kirchmann, 1994). The 
results from this study demonstrate that bacterial growth on the biodeposits acts as a sink for 
dissolved P for two to three weeks, after which the biodeposits become a net P source. However, 
the experiments were conducted in filtered water to observe the effects of bacteria growth. 
Unfiltered lake water would likely have a more significant release of biodeposit nutrients due to 
a higher protozoan to bacteria ratio than was present in these experiments (van Broekhoven et 
al., 2015). The only way protozoans could enter the chambers was through the biodeposit slurry. 
Marine studies have also demonstrated that biodeposit decomposition rate over sediment is 
higher than in experiments with water alone (van Broekhoven et al., 2015; Giles and Pildith, 
2006; Jansen et al., 2012), most likely due to mature bacteria and protozoan communities in the 
sediment. A study of zebra mussels’ effects on nutrient regeneration at the sediment-water 
interface showed that the presence of zebra mussels altered the community composition of 
protozoans in the sediment with an increased relative abundance of Uronema sp. (Lavrentyev et 
al., 2000). Smaller protozoans, like Uronema sp., rely on bacteria as a food source and have 
higher growth rates than larger protozoa, making them effective controls of bacteria abundance 
(Finlay and Esteban, 1998). While the experiments presented in this study demonstrate the 
effects of biodeposits on bacteria growth, more work is needed to understand the role of 
sediment protozoa because bacteria-protozoa interactions may have important implications for 
nutrient cycles. 
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Role of Benthic Invertebrates 
 Dreissenid mussels may promote other invertebrate communities by providing food in 
the form of biodeposits and by enhancing habitat structure (Bially et al., 2000). Lohner et al. 
(2007) observed increases in benthic invertebrate numbers under dreissenid clusters and an 
increase in the ability to utilize different carbon sources. In the Lake Michigan profundal 
benthos, the densities of non-dreissenid benthic invertebrates, especially Diporeia and 
Sphaeriidae, have declined (Burlakova et al., 2018). However, offshore oligochaete populations 
have increased since the expansion of dreissenid mussels and may be benefiting from dreissenid 
mussels (Burlakova et al., 2018; Mehler et al., 2020). In nearshore zones, an increased 
abundance of amphipods, isopods, oligochaetes, and chironomids have been associated with the 
expansion of dreissenid mussels (Stewart et al., 1998; Kuhns and Berg, 1999; Jimenez et al., 
2011). There have been many studies examining the effects of benthic invertebrate community 
changes on Lake Michigan food webs (Pothoven and Madenjian, 2008; Bunnell et al., 2009; 
Turschak et al., 2014; Madenjian et al., 2015). However, relatively little work has examined how 
these changes may alter organic matter cycling in the benthos in Lake Michigan, which has 
important implications for nutrient cycles (Mermillod-Blondin and Rosenberg, 2006). Future 
work should examine the connection dreissenid mussels, other invertebrate communities, and the 
brown food web in the Great Lakes. 
Implications for Lake Michigan Nutrient Cycles 
The results from our batch experiments indicate that bacterial growth on biodeposits may 
depend on ambient dissolved phosphorus concentrations. The excretion of dissolved P by 
profundal quagga mussels in Lake Michigan (Mosley and Bootsma, 2015) may result in 
concentrations of dissolved P in the near-bottom layer that are much greater than those in the 
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water column. In the profundal region, near-bottom turbulence is relatively low much of the 
time, which may allow for the accumulation of dissolved P in the near-bottom boundary layer. In 
a separate study, measurements of SRP concentration 3 cm above the mussel bed at the AW55 
site were measured and were four times greater than that one meter from the bottom with a 
concentration of 2 μg/L (Jin, 2019). This concentration was used in the flow-through experiment 
in order to simulate in situ conditions. Our results suggest that a portion of dissolved P excreted 
by mussels may be assimilated by bacteria growing on biodeposits. However, there remains 
uncertainty about the long-term fate of biodeposit-bound nutrients in Lake Michigan.  It appears 
that at least some of this P is eventually recycled, as demonstrated by the long-term increase in 
dissolved P concentration in some of the batch experiments. However, the mass of biodeposit 
phosphorus either did not change or increased over the duration of the experiments. The total 
mass of the biodeposits in our batch experiments decreased by only 17% after 22 days in filtered 
lake water and actually increased over the same period when exposed to a dissolved phosphate 
concentration of 1 mmol/L, indicating that biodeposit decomposition is affected by ambient 
nutrient concentrations. 
The importance of biodeposit recycling was explore through a 1-d model of phosphorus 
dynamics at a 55 meter site similar to AW55. The results indicate that a portion of freshly 
produced biodeposit bound phosphorus (between 25-50%) must be recycled within 1 day to 
maintain water column concentrations of phosphorus (Fig. 21). Water column total phosphorus 
concentrations measured over the course of 2018 were relatively constant with a mean of 0.09 
μmol/L. If no biodeposits are recycled, then water column phosphorus concentrations would 
drop until stabilizing at low concentrations after 80 days. The model does not take into account 
bacteria uptake of nutrients, which would further deplete the water column of phosphorus. The 
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model clearly demonstrates biodeposits do not represent a sink of nutrients, and regeneration of 
biodeposit needs to be accounted for in future Lake Michigan nutrient models. 
 
Summary 
 The long-term fate of dreissenid biodeposits has important implications for the Lake 
Michigan phosphorus cycle because they represent a significant fraction of the P removed from 
the water column due to mussel grazing.  The results of the study demonstrated that biodeposits 
promote the growth of bacteria, which causes biodeposits to be a short term sink in dissolved 
phosphorus. However, a simple model simulation indicates that total pelagic P concentrations 
would be much lower than observed if biodeposit P were not recycled.  Hence a significant 
fraction of biodeposit P must be recycled over the long term to maintain observed TP 
concentrations.  While bacteria growing on biodeposits appear to act as a P sink, we suggest that 
grazing of bacteria by protozoans promotes P recycling.  Future work should focus on bacteria - 
Figure 21: Model showing the simulated water column depletion of phosphorus due to biodeposit production under 
mixing conditions. Starting TP values were those measured in July 2018 because TP measurements were highest on 
this date for the year 2018. The epilimnion P and hypolimnion P are measurements from the AW55 site during the 
2018 field season. 
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protozoan - macroinvertebrate relationships in the benthos, and their implications for nutrient 
recycling and energy transfer. 
CHAPTER 4: Internal loading of phosphorus in Lake Michigan post dreissenid mussel invasion 
Abstract 
 
 Since the expansion of dreissenid mussels in Lake Michigan, there has been limited 
investigation of changes to internal loading of phosphorus despite known differences in physical 
and chemical processes, including the absence of calcite whiting events, decreased nepheloid 
layer, and increase retention of nutrients in the benthos. This study examines internal phosphorus 
loading at two sites: one from the depth region with the highest mussel density, and a deeper site 
that experiences high deposition. Despite lower water column concentrations of total 
phosphorus, the current sediment burial rate of phosphorus is similar to rates measured in the 
1980s, reflecting a decrease in water column phosphorus residence time. Approximately 60% of 
recently deposited phosphorus at the sediment-water interface is recycled back into the water 
column. Organic phosphorus and non-apatite inorganic phosphorus were the most readily 
recycled forms of phosphorus within the sediment. However, apatite bound phosphorus 
represented a further sink of dissolved phosphorus at the shallower site and a source of 
phosphorus at the deeper site less impacted by mussels. Measurements of sediment fluxes 
including sedimentation, accumulation, and permanent burial rate were combined with mussel 
fluxes to create a new conceptual model of internal P cycling in Lake Michigan. Before the 
mussel invasion, zooplankton within the water column were responsible for the bulk of 
phosphorus recycling. In the new model, the majority of phosphorus cycling occurs in the 
benthos with heterotrophic bacteria playing a larger role. 




 Dreissenid mussels entered the Great Lakes in the 1980s. The early invasion was 
characterized by the rapid expansion of zebra mussels in the littoral zone. However, they were 
eventually displaced in Lake Michigan by quagga mussels due to their ability to colonize soft 
substrate (Dermott & Munawar 1993), lower metabolic rates (Stoeckmann 2003; Baldwin et al. 
2002; Tyner et al. 2015), and ability to reproduce in colder profundal regions (Roe & MacIsaac 
1997; Glyshaw et al. 2015). As quagga mussels expanded into deeper areas, spring primary 
production and total phosphorus concentration decreased due to the strong grazing effects of 
mussels (Fahnenstiel et al. 2010; Rowe et al. 2017; Bockwoldt 2018). Before the mussel 
invasion, the majority of phosphorus cycling occurred in the water column by zooplankton, but 
zooplankton abundances have decreased with the mussel invasion (Vanderploeg et al. 2012). 
Currently, a large amount of phosphorus is cycled in the benthos because quagga mussels are 
effective nutrient recyclers, and increased benthic cycling has led to the resurgence of the 
nuisance benthic algae, Cladophora (Auer et al. 2010; Bootsma et al. 2015). However, there is a 
limited understanding of the indirect effects of mussels on phosphorus cycling, including the 
exchange of nutrients at the sediment-water interface.  
 Phosphorus speciation analysis on sediments is rarely conducted in oligotrophic systems 
saturated with oxygen throughout the year due in part to the paradigm that phosphorus release 
from sediment is controlled by fluctuations in dissolved oxygen (Hupfer & Lewandowski 2008). 
However, in the 1980-1990s there was a series of studies that examined internal loading in Lake 
Michigan in response to efforts to reduce phosphorus loading and to understand phosphorus 
sources for the spring phytoplankton bloom (Eadie et al. 1984; Conley et al. 1988; Nürnberg 
1991; Shafer & Armstrong 1994; Brooks & Edgington 1994). During this period in Lake 
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Michigan, the internal loading of phosphorus from sediment was controlled by apatite 
dissolution (Brooks and Edgington 1994), microbial decomposition of organic matter, and 
resuspension events (Eadie et al. 1984; Shafer & Armstrong 1994). Before the mussel invasion, 
less than 40% of phosphorus that reached the sediment surface was permanently buried, and the 
low burial efficiency resulted in a residence time of 5 years for phosphorus within the water 
column (Shafer & Armstrong 1994). However, the phosphorus residence time in the water 
column may be affected by quagga mussels. High excretion rates of dissolved phosphorus 
(Mosley & Bootsma 2015) at the sediment-water interface may interfere with apatite dissolution, 
which is driven by a decrease in dissolved phosphorus concentrations above the sediment 
causing a shift in the equilibrium of dissolved and apatite bound phosphorus (Brooks and 
Edgington 1994). Apatite bound phosphorus can be formed through precipitation, adsorption, 
and biological mediated processes (Dittrich 2000; Goldhammer et al. 2010; Sø et al. 2011). 
Adsorption vs. precipitation is partially mediated by the surrounding dissolved phosphorus 
concentration (Sø et al. 2011). Higher excretion rates may also increase pore water 
concentrations of dissolved phosphorus, leading to increased precipitation (Dittrich 2000). Along 
with excretion of dissolved phosphorus, mussel grazing during the isothermal period has led to 
the loss of the spring phytoplankton bloom (Vanderploeg et al. 2010). Historically, the high 
demand for phosphorus during the bloom would decrease phosphorus concentrations at the 
sediment-water interface, causing apatite dissolution (Brooks & Edgington 1994).  
Besides effects on apatite bound phosphorus, dreissenid mussels may decrease offshore 
pelagic phosphorus concentrations through retention in both the nearshore zone (Hecky et al. 
2004) and profundal benthos (Chapra & Dolan 2012; Mosley & Bootsma 2015; Rowe et al. 
2017). Since the establishment of mussels, the nepheloid layer has disappeared due to the 
   
72 
filtering activities of the mussels (Watkins et al. 2007). Prior to the mussel invasion, the presence 
of the nepheloid boundary layer during stratification increased soluble reactive phosphorus 
within the benthic region (Eadie et al. 1984), indicating that the nepheloid boundary may have 
enhanced sediment cycling of phosphorus. Mussels may also reduce resuspension by aggregating 
particles in biodeposits (Hecky et al. 2004). Along with changes in sediment suspension, some 
studies have suggested that mussels increase the apparent settling velocity particles within the 
water column by decreasing the residency time of small particles in the water column (Chapra 
and Dolan 2012; Shen et al. 2018). At the same time, mussels increase the amount of organic 
material at the sediment-water interface, which can increase microbial activity leading to more 
rapid cycling of the freshly deposited material (Giles & Pilditch 2004, 2006). Microbial activity 
and bioturbation by mussels can also alter dissolved oxygen penetration within the sediment, 
causing potential changes to redox-sensitive forms of phosphorus (Vaughn & Hakenkampt 2001; 
Newell 2004; Giles & Pilditch 2004; Turner 2010).  
Along with the expansion of dreissenid mussels, phosphorus loading decreased in Lake 
Michigan (Dolan & Chapra 2012), and the combined effects of reductions in loading and mussel 
grazing have resulted in lower water column total phosphorus concentrations (Mida et al. 2010; 
Rowe et al. 2017). Even though lake Michigan has a long hydrological residence time, the lake 
should respond to internal and external changes to phosphorus loading within 5-15 years (Shafer 
& Armstrong 1994; Katsev 2017). Despite the indirect effects of mussels on nutrient cycling and 
decreased phosphorus loading, there has been limited effort to determine changes to the internal 
loading of phosphorus in Lake Michigan since the 1990s. The research presented here examined 
the internal fluxes of phosphorus from sediment in two regions – one mid-depth region where 
mussel densities are high, and a deeper region where mussel densities are lower but deposition 
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rates are higher. The measurements of internal cycling are combined with other measures of 
mussel-mediated phosphorus fluxes to create a conceptual model of internal phosphorus 




 Sediment was collected from offshore Lake Michigan from two different sites during the 
2018-2019 field seasons. Cores were collected from a 55 meter deep station offshore from 
Milwaukee in July 2018 with coordinates 43˚ 04.498’N 87˚45.581’W, and cores were collected 
from a 100 meter deep station offshore from Muskegon in July 2019 with coordinates 43˚ 11. 
182’N 86˚ 30.544’W. The mussel densities are 7136 ± 3105 and 2,747 ± 858 mussels m-2 at the 
55 and 100 meter site respectively (Chapter 2; Nalepa et al. 2020). The historical sediment 
accumulation rate at the 55 depth offshore of Milwaukee ranges from -0.010 to 0.008 g cm-2 yr-1, 
and the historical accumulation rate near the 100 meter site ranges from 0.099 to 0.2 g cm-1 yr-1 
(Eadie et al. 2008).  
Cores were collected in polycarbonate tubes using a gravity corer and were immediately 
placed in a cooler in the upright position in the dark. Six cores were collected from each site. 
After transport to the laboratory, a dissolved oxygen profile was measured with a subset of cores 
using a Neo Fox optical dissolved oxygen probe that was secured to a stand using a three-prong 
clamp. The probe was inserted vertically into the sediment in 0.2 cm intervals by adjusting the 
position of the clamp by hand. Sediment was then extracted using a hydraulic extruder. Sediment 
was subdivided into 0.2-0.5 cm sections for the first 3 cm, and 0.5 cm sections below 3 cm. After 
the wet mass was determined for each section, the sediment was air dried.  
Sediment Pore Water SRP 
   
74 
 Pore water samples were collected at the 100 meter site. Pore water was collected using 
Rhizon samplers with a diameter of 2.5 mm and a pore size of 0.15 μm. The samplers were 
inserted into predrilled holes in the polycarbonate tube that were sealed using silicone tape. The 
rhizon sampler tubing was connected via a sterile needle to an acid washed vial that was under 
vacuum pressure, allowing the pore water to flow through the filter of the sampler and into the 
collection tube. The collected water was analyzed for soluble reactive phosphorus (SRP) content 
using the molybdate-antimony method (Stainton et al. 1974).  
 The pore water concentration profile of SRP was used to determine sediment SRP flux 
based on Fick’s first law of diffusion: 
𝐹 = 𝜌 × 𝐷𝑠 ×
∆𝑐
∆𝑧
        (6) 
where F is the flux (μmol cm-2 s-1), ρ is the porosity as a proportion of pore volume to total 
volume, Ds is the diffusion coefficient in cm
2 s-1, c is the concentration of SRP (μmol cm-3), and 






         (7) 
where D is the diffusion of phosphate ions in water at 18˚C (Li & Gregory 1974), V is the 
kinematic viscosity of freshwater at 18˚C, and t is 18˚C. Vs is the viscosity of water at ambient 
temperature (ITTC 2011), and ts is the ambient temperature for the core.  
Porosity and Dry Bulk Density 




       (8) 
Where ρ is porosity, fw is the fraction of water in the wet sediment, ρw is the density of pore water 
(1 g cm-3), and ρs is the density of dry solids, set at 2.5 g cm
-3 (Baskaran et al. 2014). The 
fraction of water in wet sediment is determined from the loss of mass following drying.  
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Bulk density is calculated as: 
 𝐷𝑟𝑦 𝑏𝑢𝑙𝑘 𝑑𝑒𝑛𝑠𝑖𝑡𝑦 (𝑔/𝑐𝑚3) =
𝑤𝑒𝑖𝑔ℎ𝑡,𝐷𝑟𝑦 𝑠𝑎𝑚𝑝𝑙𝑒 (𝑊𝑑)
𝑇𝑜𝑡𝑎𝑙 𝑠𝑎𝑚𝑝𝑙𝑒 𝑣𝑜𝑙𝑢𝑚𝑒 (𝑉𝑡)
  (9) 
 
Burial Rate 
 The radionuclide 210Po was measured in each sediment subsection in two cores from each 
site as a proxy for 210Pb (Robbins & Edgington 1975; Waples 2020). 209Po was added to 
approximately 0.5g of homogenized dried sediment in order to determine the efficiency of the 
extraction recovery, which is used to calculate the activity of the sample. Following the addition, 
the spiked sediment was digested with 50ml of 6N HCl and 30% hydrogen peroxide for four 
hours. The filtrate was removed by filtering through Whatman number 42 filter paper. The 
filtrate was boiled down to 5ml, and then the volume was increased to 50ml with 0.1 M HCl. The 
pH of the solution was adjusted to 0.5-1.0 with 6 M HCl, and 0.1g of L-ascorbic acid (powder) 
was added to complex out any dissolved iron in the sample. The Po isotopes were plated onto 
polished 2.2 cm diameter copper discs at 90˚C for 24 hours (Mackenzie & Scott 1979). 
Duplicates were run within each grouping of samples, and duplicates were run for each sample at 
the 55 meter site. The duplicates differed by less than 10%. 
The sedimentation rate for each site was determined using the rapid steady-state mixing 
model, as described in Robbins and Edgington (1975). Activity of 210Pb was first plotted against 








       (10) 
   
76 
where λ is the radioactive decay constant for 210Pb, A is the unsupported active decay rate 
(decays min-1 g-1), and m is the cumulative mass at each depth (g cm-2). The unsupported active 
decay is calculated by subtracting the supported decay from the total measured decay. The 
supported decay is the decay rate at depths where the activity is constant over depth. The 
supported decay was 0.38 pCi g- at the 55 meter site, and 0.29 pCi g- at the 100 meter site. The 




        (11) 
where C is the cumulative mass of dry sediment in g cm-2. The sediment core aging was 
truncated when the uncertainty in age was greater than the difference in ages between two 
subsections.  
Phosphorus fractionation  
 The particulate phosphorus fractions within the sediment, including inorganic (IP), 
organic (OP), total (TP), non-apatite inorganic (NAIP), and apatite bound (AP) phosphorus, were 
measured using a sequential extraction procedure (Ruban et al. 1999). This method was chosen 
for its reproducibility, although this method may overestimate bioavailable inorganic 
phosphorus, and loss of organic phosphorus is possible during calcification, which is common 
with methods that use burning to isolate organic phosphorus (Pardo et al. 2003). All sediment 
extractions were conducted on a shaker table overnight, with the exception of the second night of 
the NaOH extraction (Ruban et al. 1999). At least 200 mg of dried sediment were used for each 
extraction. A NaOH extraction was used to determine NAIP with a subsequent HCl extraction to 
determine AP. IP was determined using 1N HCL extraction. The sediment remaining after IP 
analysis was calcinated at 450˚C for 3 hours, followed by 1N HCl extraction to determine OP. 
TP was determined by calcinating the samples at 450˚C for 3 hours with a subsequent HCl 
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extraction. All extraction solutions were diluted with type 1 water and were analyzed for 
dissolved phosphorus using the molybdate blue method as described by Stainton et al. (1974). 
Samples were diluted to ensure color development because HCl can inhibit the molybdate blue 
reaction (Nagul et al. 2015). Blanks of the extractants were run from start to finish for each 
sediment sequential excretion.  
Carbon and nitrogen analysis 
 Total carbon and nitrogen were determined for both the 55 meter site and 100 meter site 
using an elemental analyzer (Carlo-Erba model: NA 1500 NCS) with acetanilide standards 
ranging from 0.2 to 1.0 mg. Organic carbon was determined using the elemental analyzer after 
acidification for the 100 meter site cores. Before analysis, 100 mg of dried sediment was 
weighed into a glass centrifuge tube, and 250 μL of 1M HCl was added to the sediment. 
Sediment was placed in an ultrasonic bath for 30 seconds, and then vial was left loosely covered 
in a fume hood for one hour. After the one hour period, 100 μL of 1M HCl was added following 
the process used for the first addition until effervescence ceased (Brodie et al. 2011; Komada et 
al. 2008). The sediment was washed with type 1 water after digestion and dried in a desiccator at 
room temperature prior to weighing for organic carbon content analysis. Inorganic carbon was 
calculated as the difference between total carbon and organic carbon. 
Sediment traps 
 Sediment traps were deployed at the AW55 site from April 5th until October 10th during 
the 2018 field season. The traps were 15.25 cm in diameter and were deployed in triplicate at 
depths of18, 35, and 53 m. Chloroform (5ml) was added to each trap to preserve settled 
particulate matter. Trap material was collected monthly. The collected trap material was air dried 
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and weighed to the nearest mg, after which it was analyzed for particulate carbon, nitrogen, and 
phosphorus as described above. 
Water Column Sampling 
Water column sampling was conducted biweekly at the 55 meter site, and water was 
collected from 2, 10, 15, 20, 25, 30, 35, 40, 50, and 54 meters using a 5 L Niskin bottle. Water 
samples were filtered through GF/F filters. Filters were used for particulate phosphorus and 
chlorophyll a analysis. The filtrate was saved for total dissolved phosphorus analysis. Particulate 
phosphorus was analyzed using the molybdate-antimony method (Stainton et al. 1974) after 
combustion at 550˚C and two-hour acid digestion with 2 ml of 1N HCl and 10 ml of type 1 
water. Total dissolved phosphorus was determined according to the molybdate-antimony method 
with samples after digesting with H2SO4 and H2O2 followed by 2 hours of photo-oxidation 
(Stainton et al. 1974). Filters used for chlorophyll a were stored in a dark freezer until analysis, 
which was within two weeks of sample collection. Chlorophyll was extracted for 24 hours in a 
freezer using a methanol and acetone mixture following filter grinding, as described by Arar and 
Collins (1997). Fluorescence was measured using a Turner designs model 10 benchtop 



















 The composition of the material in the cores was move variable at the 55 meter deep site 
than at the 100 meter site. The 55 meter core contained a dense clay layer starting around the 4 
cm depth and is evident in the porosity profile by an increase in porosity (Fig. 22). The 
Figure 22: Porosity and dissolved oxygen by depth for both the 55 meter and 100 meter sites. The dotted line 
represents the sediment-water interface. 
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composition of the material at the 100 meter site was visually uniform. 100 meter site cores had 
similar dissolved oxygen profiles with a decrease in dissolved oxygen between the sediment 
surface and 2 cm depth, a slight increase in dissolved oxygen at ~2 cm, followed by another 
decline in dissolved oxygen and anoxia at 3.5 cm. The depth of the oxic-anoxic transition varied 
at the 55 meter site with the depth of anoxia ranging from the 2-8 cm depending on the core. The 
variability of dissolved oxygen profiles at the 55 meter site may be due to bioturbation activities 
by the mussels, which can increase oxygen penetration (Vaughn & Hakenkamp 2001; Roley & 
Tank 2016), or resuspension. 
 The SRP pore water profile indicates a flux of soluble reactive phosphorus from the 
sediment into the overlying water (Fig. 23). The decrease in SRP concentration in the pore water 
below the 1.5-2 cm depth may be due to a decrease in labile phosphorus at the deeper depths 
(Fig. 23 and 25) (Chen et al. 2016), and the SRP being converted into some other form below 2 
cm. Over dissolved compounds, such as Fe (II), were not measured in this study, so it makes it 
difficult to determine what happens to the SRP below 2 cm. The sediment-water SRP flux at the 
100 meter site calculated using eq. 6 was between 1.2 and 1.4 μmol P m-2 day-1 which is in range 
of values reported by Conley et al. (1988) at a similar site in July of 1984 (1.1 ± .2 μmol P m-2 
day-1). 







Figure 23:Pore water profile from the 100 meter site. The dotted line 
represents the sediment surface. 
Figure 24:  210Pb activity profiles for both the 55 and 100 meter sites.  
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 The surface sedimentation rate at the 55 meter site was 0.027 ± 0.004 g cm-2 yr-1, which 
equates to 0.024 ± 0.004 cm yr-1. The surface sedimentation rate at the 100 meter site was 0.022 
± 0.001 g cm-2 yr-1 for one core and 0.014 ± 0.006 g cm-2 yr-1 for the other core which equated to 
0.047 ± 0.001 cm yr-1 and 0.039 ± 0.016 cm yr-1. No core profiles are represented by age because 
the age of the sediment was uncertain below the depth that unsupported activity was 
undetectable.  
Sediment Phosphorus composition 
 
 
The dominant sediment phosphorus pool in Lake Michigan is AP (Fig. 25). The peak of 
NAIP, AP, and IP in the 100 meter core between the depths of 5.0 and 8 cm may be associated 
with a period of eutrophication. During eutrophication, the higher concentration of SRP in the 
Figure 25: Particulate phosphorus fractions by depth for both the 55 (left) and 100 (right) meter site. The error bars 
represent standard error of triplicate subsamples from each core slice. NAIP, OP, AP, IP, and TP represent non-
apatite inorganic, organic, apatite, inorganic, and total bound phosphorus respectively. The concentrations are 
absolute concentrations, and the y scale is different between the two plots. 
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water column may inhibit the dissolution of calcium associated P, leading to higher 
concentrations of AP accumulating in the sediment (Gonsiorczyk et al. 1998). If there were 
higher SRP concentrations during this period, then that could lead to higher precipitation of 
apatite bound phosphorus (Dittrich 2000). However, the proportionally higher increase in NAIP 
at this depth could indicate the increase in AP is due to changes in external loading compared to 
internal processes. The higher abundance of NAIP at the surface is due to the higher availability 
of oxygen. In the anoxic zones of the 100 meter core, oxidized forms of Fe are reduced, releasing 
bound phosphorus (Mortimer 1942; Hupfer and Lewandowski 2008; Wu et al. 2014).  
In the 55 meter core, NAIP and OP made up a relatively small fraction of total P 
throughout the core, most likely due to resuspension that would promote less accretion of 
temporary pools of phosphorus (Fig. 25). The increase in AP with depth at the 55 meter site 
coincides with an increase in porosity (Fig. 22 and 25). The increase in porosity indicates smaller 
grain size and a larger surface area for adsorption reactions to occur, potentially leading to more 
dissolved phosphorus to bind with apatite. The near-surface sediment accumulation rate for the 
two sites is summarized in table 7.   
 
 
Core NAIP AP IP OP TP 
55 m 280 ± 46 1400 ± 230 1700 ± 270 590 ± 100 2300 ± 360 
100 m A 660 ± 50 1700 ± 80 2600 ± 130 1700 ± 80 4500 ± 230 
100 m B 350 ± 140 770 ± 320 1200 ± 500 840 ± 350 2500 ± 1000 
 
 
Table 7: Surface burial of phosphorus calculated using the sedimentation rate determined with 210Pb dating 
and the phosphorus binding fractions at the top most layer of the core. Phosphorus burial rate units are μmol 
m-2 yr-1. 
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Figure 26: Carbon profile from the 100 meter station. IC, 
OC, and TC represent inorganic carbon, organic carbon, and 
total carbon respectively. Error bars represent standard error 
among triplicate replicates from each core slice. 
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The carbon in the 100 meter cores decreased in concentration within the first centimeter. 
The decrease may be due to the breakdown of carbon within the oxic layer (Fig. 26 and Fig. 22). 
The concentration of inorganic carbon remained constant with depth. Nitrogen at the 100 meter 
site is mineralized primarily in the oxic zone, most likely due to nitrification/denitrification and 
decomposition of organic material. Nitrogen regeneration within the oxic layer was much greater 
than phosphorus and carbon regeneration at both sites, as indicated by the decrease of N:P and 
the increase in C:N with depth (Fig. 28). In the 100 meter core, the C:P and N:P ratios dropped 
between 5 and 8 cm, reflecting the large increase in phosphorus that was not accompanied by an 
increase in C or N at those depths (Fig. 26 and Fig. 27). The ratio of N:P in the sediment traps is 
much higher than the surface of the sediment at the 55 meter station, indicating that much of the 
nitrogen is regenerated quickly (Table 8). The TC:TP at the surface of the sediment was 183 ± 
Figure 27: Sediment total nitrogen profile at the 100 meter site. 
Error bars represent standard error among triplicate replicates 
from each core slice. 
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11, but just below the surface, the TC:TP increased to 322 ± 11 in the 55 meter core. A similar 
trend in TC:TP is noted in the 100 meter core, which suggests that carbon regeneration is a rapid 
process that occurs soon after deposition while phosphorus regeneration is slower and less 




OC N P C:P N:P C:N 
18m 750000 ± 120000 60000 ± 6200 3400 ± 470 220 ± 50 18 ± 3 12 ± 2 
35m 1200000 ± 130000 93000 ± 11000 5600 ± 670 220 ± 40 17 ± 3 13 ± 2 
53m 1400000 ± 150000 110000 ± 20000 5900 ± 520 240 ± 33 18 ± 4 13 ± 3 
55m Burial *600000 ± 110000 9200 ± 1500 2300 ± 360 *183 ± 11 4 ± 0.2 *50 ± 3 
100m Burial 420000 ± 20000 40000 ± 2200 4500 ± 230 94 ± 6.6 8.6 ± 0.7 11 ± 0.8 
 
Table 8: Table of deposition rates measured from sediment traps deployed from April 2018 to October 2018 
and surface sediment burial at the 55 meter and 100 meter stations. The rates are presented in units of μmol m-2 
yr-1 ± the standard error. The * symbol indicates that total carbon values were used instead of organic carbon 
because organic carbon data was unavailable.   







Figure 28: TC to TP, TN to TP, and TC to TN by depth for the 55 meter cores (left) and the 100 meter 
cores (right). Error bars represent standard error among triplicate replicates from each core slice 





Figure 29: Integrated water column chlorophyll and phosphorus at the 55 meter 
station. DP represents total dissolved phosphorus and PP represents particulate 
phosphorus 




 In April 2018, resuspension likely occurred. The particulate phosphorus and chlorophyll 
a decreased in the water column during the deployment period in April (Fig. 29), and despite the 
lower particulate phosphorus and chlorophyll a, this deployment period contained the highest 
about of deposited material compared to all other service periods. The sediment trap data 
collected during the mixed period is not included in the estimates of flux to the sediment-water 
Figure 30: Phosphorus fractions in setting material sampled from sediment traps during 
stratification (A.) and during the mixing period sampled in April of 2018 (B.). Error bars 
represent standard deviation. 
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interface because it does not represent passive sedimentation (Fig. 30). The NAIP portion of the 
sediment trap material did not differ between the stratified and mixing period, but the OP and AP 
portion of phosphorus were much larger during the mixing period. An increase in AP bound 
phosphorous is expected with resuspension of sediments because it is the primary form of 
phosphorus within the sediment at this site (Fig. 25). However, there was also a substantial 
increase in OP, which cannot be account for with phytoplankton growth because chlorophyll a 
concentrations were low during this period. Mussels live in high densities at this site producing 
large amounts of organic phosphorus in the form of biodeposits, which may account for some of 
the increase in OP if these biodeposits were also resuspended (Mosley & Bootsma 2015; See 
chapter 2 and 3). Assuming that only the OP and NAIP are potentially available pools for 
phytoplankton growth, approximately 55% of the phosphorus is potentially available in the 18 
meter trap during passive sedimentation. NAIP is considered potentially available P because it 
describes NaOH extractable forms of P as well as Fe associated forms of P, although NAIP 
would overestimate the bioavailable pool because it also represents P associated with clays. The 
portion of available phosphorus decreased to 38 and 36% in the lower traps due to regeneration 
within the water column. During the resuspension event, the potentially available pool was 50-
55% in the sediment traps at all depths. 
 






 In order to determine the phosphorus regenerated pools at the AW55 site, the phosphorus 
binding fraction between the sediment trap material and the surface burial fraction of phosphorus 
were compared (Fig. 25 and 31). The potentially regenerated pools at the 100 meter site were 
determined by comparing the phosphorus mass in each fraction in the surface layers and older 
layers (Hupfer & Lewandowski 2005). The age of the layer is required to complete this 
calculation. In this method, two fluxes are calculated: rapid and slow. The rapid flux refers to the 
calculated flux based on the difference phosphorus masses in the surface layer and next closes 
layer in depth divided by the estimated age difference between the two layers. The slow flux 
refers to the regeneration rates calculated based on the difference phosphorus masses in the 
surface layer compared to layers below the oxic zone where phosphorus concentrations appear to 
Figure 31: Phosphorus deposition rate for the three trap depths over the 2018 field 
season. NAIP, OP, AP, IP, and TP represent non-apatite inorganic, organic, 
apatite, inorganic, and total bound phosphorus respectively. The error bars 
represent the standard error of the triplicate replicate sediment traps for the entire 
deployment time (traps serviced 6 times from April 2018 to October 2018). 
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have stabilized divided by the estimated age difference between the two layers. If the rapid and 
slow rates are equal, then this can be considered a reasonable estimate of the sediment 
regeneration rate (Hufer & Lewandowski). The flux rates at the 100 meter sites were calculated 
using core A because core A dating profile contained less error than core B. The rapid and slow-
release at this site was similar, with a total P release of 2640 ± 430 and 2870 ± 214 μmol P m-2 
yr-1 respectively, so the rapid release is represented as phosphorus regeneration at this site. The 
phosphorus regeneration rates at both sites are presented in Fig. 32.  
The largest temporary pools of freshly deposited phosphorus at the 55 meter site were OP 
followed by NAIP. However, AP acts as a sink of phosphorus at the 55 meter site steadily 
increasing with burial with depth. At the 100 meter site, AP is an important source of phosphorus 
into the overlying water column. The regeneration rates and burial rates were compared to 
determine the percentage of deposited material that was cycled back into the water column at 
both sites. At the both sites, 60 ± 10% of recently deposited phosphorus was recycled annually, 
which is consistent with past measurements of phosphorus cycling at the sediment-water 
interface made by Shafer and Armstrong (1994), who estimated that 63% of the freshly 
deposited phosphorus was recycled every year in Southern Lake Michigan.  






Importance of Internal Loading for Lake Michigan   
 The SRP pore water profiles may underestimate the flux of phosphorus from the 
sediment. Pore water diffusive fluxes may account for less than 30% of the recycled phosphorus 
because these profiles cannot account for bioturbation, resuspension events, or regeneration that 
occurs right at the sediment-water interface (Li et al. 2018). The sampling depth intervals also 
limit the SRP pore water profiles diffusive flux estimates. In the case of this study, the sampling 
interval was 0.5 cm, which is larger than the depth of sediment deposited within the last year. 
Sediment incubation, as was used in Conley et al. (1988), may also underestimate the annual 
recycling of phosphorus in Lake Michigan. Historically, sediment release has occurred in 
episodic events, including resuspension during mixing periods (Eadie et al. 1984) and dissolution 
of apatite bound phosphorus during the spring phytoplankton bloom (Brooks and Edgington 
1994). Laboratory experiments may also represent an artificially high binding of phosphorus 
because they typically occur over weeks to months. During that time, there is no sedimentation 
Figure 32: The potential phosphorus regeneration rates sites. The error bars represent standard error. 
   
94 
of fresh organic material that may enhance microbial activity (Hupfer & Lewandowski 2008).  
Due to these reasons, the estimates of rapid flux based on the near-surface profiles of the various 
sediment P fractions may be better estimates of the annual phosphorus flux from the sediment.  
In Lake Michigan sediment, OP and NAIP represented temporary pools of phosphorus 
both near and offshore. OP represents the largest temporary pool within the sediment of Lake 
Michigan, which is regenerated by microbial decomposition of organic matter (Hupfer & 
Lewandowski 2008). The microbial activity could also cause regeneration of NAIP at the 100 
meter site because the enhanced microbial activity can lead to changes in the redox potential 
leading to the dissolution of redox-sensitive bound phosphorous (Hupfer & Lewandowski 2008). 
AP was the most significant pool of phosphorus within the cores, but not all the phosphorus 
bound to apatite represented permanent storage. At the 100 meter site, the flux of phosphorus 
from the AP was larger than the NAIP. However, some of the AP loss with depth could represent 
the conversion of AP into other sediment pools rather or vertical movement within the core 
rather than flux out of the sediment. At the 55 meter site, calcite precipitated phosphorus within 
the pore water, making AP a further sink of phosphorus. The difference in apatite dissolution 
between the two sites might be due to the high excretion rate of quagga mussels (Mosley & 
Bootsma 2015). The 55 meter site is in the region of highest mussel density (Nalepa et al. 2010), 
and the mussel driven effects on benthic cycling differ based on mussel density with areas of 
high density experiencing more significant mussel induced changes (Callier et al. 2009; 
Sandwell et al. 2009). However, mussels are still expanding in the deep profundal region of Lake 
Michigan (Burlakova et al. 2018), which will increase the dissolved phosphorus concentration at 
the sediment-water interface, potentially leading to less apatite dissolution (Brooks and 
Edgington 1994; Mosley & Bootsma 2015). 
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Similar studies of phosphorus regeneration have been conducted in other Great Lakes. In 
Lake Erie, NAIP and OP are the primary forms of temporary phosphorus storage, and AP in 
sediment is relatively constant with depth (Williams et al. 1976). The reason for the difference 
between Lake Erie and Lake Michigan is most likely because apatite dissolution of phosphorus is 
not as an important source of internal loading to Lake Erie which is primarily driven by redox-
sensitive and organic bound phosphorus within the sediment (Williams et al. 1976; Matisoff et 
al. 2016). In Lake Superior, phosphorus regeneration is primarily driven by the decomposition of 
organic material, however much of the regenerated material is bound by iron in the oxic layer (Li 
et al. 2018). This does not appear to the be case with Lake Michigan sediments because SRP 
concentrations within the pore water were higher in the oxic layer compared to the anoxic layer, 
although this may not be true in all areas of Lake Michigan. Unlike Lake Superior and Lake Erie, 
AP is regenerated or transformed into other forms at the deeper site. However, the majority of 
the regeneration of phosphorus, nitrogen, and carbon occurs in the oxic layer in Lake Michigan 
and is associated with decomposition of organic material.  
Sediment resuspension during the mixing period represents an episodic event that may 
increase the availability of phosphorus in the water column (Eadie et al. 1984). A study of 
sediment trap material in 1978 in southern lake Michigan indicated that 15-20% of the 
particulate phosphorus in the material collected during the mixed period, and 30-40% collected 
during stratification, was potentially available for use by phytoplankton (Eadie et al. 1984). In 
that study, the potentially available pool was defined as the pool of phosphorus able to be 
extracted with NaOH, which would make it most comparable to the NAIP pool in the present 
study. The NAIP was approximately 15-20% of the total sediment trap phosphorus during 
passive sedimentation and 5-10% during the mixed period. In this study, the temporary pools of 
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phosphorus are defined as both OP and NAIP, and during the mixing period, the portion of 
available phosphorus was much higher (Fig. 30). However, the increase in potentially available 
phosphorus did not increase the dissolved phosphorus, particulate phosphorus, or chlorophyll a 
concentration (Fig. 29). Sediment traps are biased to larger particles, and past work completed by 
Eadie et al. (1984) demonstrated that nearly 100% of particles under the size of 64 μm were 
extractable by NaOH. In this current study, the small size fraction would be accounted for in the 
dissolved phosphorus pool, which was low throughout the sampling period in 2018. Shafer and 
Armstrong (1994) determined that resuspension did not greatly increase available phosphorus, 
which conflicted with the results of the Eadie et al. (1984) study. The results of this study show 
that resuspension during mixing events does increase the potentially available pool of 
phosphorus, but that did not seem to increase phytoplankton growth. 
The amount of regeneration of freshly deposited material at both sites are in the range of 
rates estimated by Shafer and Armstrong (1994), who estimated annual regeneration fluxes of 
2645-4032 μmol m-2 year-1 using samples collected in 1982 (Fig. 32). It might be expected that 
the sedimentation rates of phosphorus and renewal of fresh material would be much lower now 
due to decreases in water column total phosphorus and decreases in phosphorus loading (Mida et 
al. 2010, Dolan & Chapra 2012; Katsev 2017). However, if mussels increase the effective 
settling rate of phosphorus, as has been suggested by Chapra and Dolan (2012), then the delivery 
to the sediment would be greater than expected based on water column concentrations. 
 The permanent sediment burial rates calculated at both sites agreed well with the southern 
basin phosphorus loading estimate of 2480 ± 645 μmol m-2 yr-1 from 1994 through 2008 (Dolan 
& Chapra 2012) calculated using the area of southern Lake Michigan which was determined 
using the bathymetry map for southern lake Michigan with Sheboygan, WI as the border 
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(National Geophysical Data Center 1996). The annual burial rates were 2285 ± 361 and 1800 ± 
660 μmol m-2 yr-1 at the 55 meter and 100 meter sites respectively. The permanent burial rate at 
the100 meter site was calculated as the difference between the surface burial and regeneration 
rate. The mean water column total phosphorus concentration measured at the 55 meter site 
through the 2018 field season was 2.93 ± 1.04 μg/L, which is in range of other studies that 
determined offshore phosphorus concentrations post mussel invasion (Mida et al. 2010). Using 
the phosphorus loading estimates (Dolan & Chapra 2012) and the average total water column 
phosphorus concentration measured in 2018, the residence time of phosphorus in southern Lake 
Michigan is 3.2 ± 1.4 years, assuming steady-state conditions and a mean depth of 85 meters. 
This estimate is lower than the 5-6 year ranged determined by past studies prior to mussel 
establishment (Sonzogni et al. 1976; Shafer & Armstrong 1994). The lower estimate in this study 
is likely due to the rapid removal of P from the water column by dreissenid mussel grazing. 
Phosphorus Cycle Changes 
 Dreissenid mussels invaded the Great Lakes in the 1980s, altering ecosystem functions, 
including nutrient cycling (Zhang et al. 2011; Mosley & Bootsma 2015). We are not aware of 
any other studies that have examined sediment phosphorus regeneration since the expansion of 
quagga mussels into the profundal regions of Lake Michigan. Based on the results presented 
here, a conceptual model was constructed to illustrate the effect of dreissenid mussels on the 
Lake Michigan P cycle (Fig. 33). While the results from this study indicate that mussels have 
little effect on the magnitude of P recycle within the sediment, the post mussels' conceptual 
model demonstrates that mussels have greatly increased the importance of the benthos as a P 
recycling site.  
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The 55 meter depth was chosen to model because the sediment traps were deployed at the 
55 meter site, and near in situ measurements of mussel excretion and egestion are available for 
this depth (See Chapter 2). Phytoplankton C:P prior to mussel invasion was set to 150:1 based on 
measurements of C:P during late summer in southern Lake Michigan (Pothoven & Fahnenstiel 
2013). The C:P ratio was set to 200:1 after dreissenid establishment based on seston 
measurements offshore taken during the 2016-2017 field season (Bockwoldt 2018). The 
phytoplankton production rates for mid-depth regions before and after mussel are from 
Fahnenstiel et al. (2010) and converted into phosphorus uptake rates using the C:P ratios 
indicated above. 
 Zooplankton grazing rates of phosphorus were determined using the estimated clearance 
rates of zooplankton (Scavia & Fahnenstiel 1987), the zooplankton biomass before and after the 
mussel invasion (Vanderploeg et al. 2012), the particulate phosphorus concentration before 
mussel establishment (Pothoven & Fahnenstiel 2013) and after mussel establishment. The water 
column particulate and dissolved phosphorus concentrations after mussel establishment were 
determined from periodic water column sampling during the 2018-2019 field seasons at the same 
location the 55 meter cores were collected (See chapters 2 and 3). The dissolved phosphorus 
concentrations prior to mussel establishment were determined using the total phosphorus 
concentrations and total phosphorus to particulate phosphorus ratios measured by Pothoven and 
Fahnenstiel (2013).  
 The river inputs of phosphorus were obtained from Mida et al. (2010), normalized to the 
area of southern Lake Michigan (2.5 x 1010 m2). Pre-mussel sedimentation rates of phosphorus 
were taken from Eadie et al. (1984) and Shafer and Armstrong (1994), and the sediment burial 
and sediment-water flux rates were extracted from Shafer and Armstrong (1994). The arrow 
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connecting sedimentation to dissolved phosphorus represents calcite precipitation in the fall 
(Strong & Eadie 1978; Shafer & Armstrong 1994) and is only included prior to mussel 
establishment because of the occurrence of these precipitation events has decreased (Watkins et 
al. 2007). Atmospheric P deposition is from Dolan and Chapra (2012) and was assumed to be the 
same for both the period before and after the dreissenid invasion. Sediment burial, passive 
sedimentation, and sediment-water flux were determined by comparing sediment core 
accumulation rates and sediment trap deposition described above.  
Diporeia were the most abundant benthic invertebrate prior to the mussel invasion 
(Nalepa et al. 2009). Diporeia uptake rates were determined using carbon uptake rates 
(Fitzgerald & Gardner 1993), and the C:P ratio of phytoplankton, assuming this was the primary 
food source of Diporeia. Diporeia are not included in the post mussel model due to their 
population decline (Nalepa et al. 2009). Mussel egestion and excretion rates were measured at 55 
meter site offshore of Milwaukee during the 2018-2019 field season (see Chapter 2), and P 
assimilation by mussels was determined as 10% of captured phosphorus (Stoeckmann & Garton 
1997). Pre-mussel bacteria uptake rates of carbon are from Fitzgerald and Gardner (1993) and 
converted into phosphorus uptake rates using the average C:P ration found in pelagic bacteria 
(Cotner et al. 2010). Post-mussel heterotrophic bacteria uptake rates were determined from 
measured bacteria uptake of dissolved phosphorus in incubation experiments (See chapter 3). In 
these incubation experiments, uptake rates of nutrients by bacteria growing on mussel 
biodeposits was monitored. The uptake rates were normalized to biodeposit mass. These rates 
were converted to areal rates using the mussel production of biodeposits per day (See chapter 2). 
Mussel biodeposits are returned to the dissolved pool via microbial decomposition, and this 
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process is depicted as protozoan recycling in the model. This model assumes 100% of 
biodeposits P is recycled. 
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 Figure 33: Conceptual model of phosphorus cycling at a 55 meter site before and after the establishment of 
dreissenid mussels. Components of the model are described in the text. 
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Summary 
Quagga mussels have increased the importance of the benthos as a phosphorus recycling 
site through the capture and recycling of phosphorus in both the dissolved and particulate form. 
In this study, the mussel effects on the internal loading of phosphorus were examined at two 
sites: one where mussel densities are highest (55m) and one where deposition rates are greater 
(100m). At both sites, portions of organic phosphorus and non-apatite inorganic P were recycled 
within the sediment. Apatite represented a further sink of P at the 55 meter site, increasing with 
depth. However, at the 100 meter site, apatite dissolution was a source of P to the water column, 
or apatite bound P was converted into some other form. The difference in apatite cycling at the 
two sites could be due to the increase in benthic dissolved phosphorus concentrations caused by 
mussels. The increase in dissolved phosphorus could cause greater adsorption or precipitation of 
apatite within the sediment. More work is needed to determine basin loading of phosphorus from 
sediments because the loading mechanisms are heterogeneous, and more sites are needed to 
determine which processes are prominent at different locations in Lake Michigan.  
. Despite lower water column phosphorus concentrations, burial rates of phosphorus have 
not changed causing a shorter residency time of P. The burial rates of phosphorus did not 
decrease with water column P concentrations because mussels may have increased the effective 
settling rate of phosphorus by filtering out smaller particles that typically would have remained 
suspended in the water column. Decreased residency time of phosphorus may mean that low 
phosphorus concentrations may persist even as mussel populations stabilize.  
The processes that dictate the internal cycling of phosphorus have changed with the 
expansion of mussels, including increased bacterial mediated recycling of phosphorus at the 
benthos and reduced phosphorus cycling in the epilimnion. More phosphorus cycling is 
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occurring in the benthos compared to the water column. These changes helped support the 
resurgence of nuisance Cladophora nearshore (Auer et al. 2010; Bootsma et al. 2015). Offshore 
these changes may increase bacterial abundance and the importance of the microbial food web 
for energy transfer (Heath et al. 2003; Chapter 3). Future studies should examine the relationship 
between mussels and microbial communities in the profundal regions.  
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CHAPTER 5: Summary  
 Quagga mussels have fundamentally altered phosphorus cycling in the Great Lakes, 
leading to a decrease in phosphorus residency time within the water column and increase cycling 
within the benthos. Mussels are able to colonize a large portion of the nearshore substrate near 
Milwaukee, capturing large amounts of phosphorus. Unlike the region offshore of Muskegon, the 
nearshore area captures the highest about of nutrients and phytoplankton, but capture rates 
remain high moving into the mid-depth region. This area may act as both nearshore and mid-
depth sink of nutrients, decreasing the offshore transfer of nutrients (Hecky et al. 2004; 
Vanderploeg et al. 2010). At the same time, mussels in this region are excreting phosphorus at a 
rate that far exceeds loading from the Milwaukee river leading to the resurgence of Nuisance 
Cladophora in the 0-10 m depth zone (Bootsma et al. 2012; Bootsma et al. 2015). Offshore, 
excreted phosphorus may be utilized by heterotrophic bacteria, as demonstrated with the 
biodeposit incubations.   
 Biodeposit deposition of phosphorus is approximately nine times greater than the passive 
sedimentation rate of phosphorus. The fate of the pool of phosphorus has important implications 
for Lake Michigan’s phosphorus cycled. Modeling of water column offshore phosphorus 
concentration under mixing conditions demonstrated that at least a portion of biodeposits must 
be recycled within days of deposition, or phosphorus concentration would be much lower in the 
water column. The potential role of bacteria in recycling biodeposits was demonstrated through a 
series of incubations. Bacteria abundance increased on the biodeposits during the incubation, and 
as bacteria grew, they utilized dissolved forms of P, making biodeposits a further sink of 
phosphorus over the course of two weeks. After two weeks, the P bound within the biodeposit 
started to be released. The incubation likely represented a much slower release than would occur 
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in the natural environment because the number of protozoans was limited by using filtered lake 
water. The model demonstrated that portions of biodeposits must be recycled within days and not 
weeks in order to maintain current phosphorus concentrations. Other organisms, such as 
oligochaetes, may also directly feed upon biodeposits increasing the recycling rates of biodeposit 
bound nutrients.  
 Along with increasing bacteria abundance, other indirect effects of mussels could alter 
phosphorus cycling. At 55m site, apatite was a sink of dissolve P. Excreted phosphorus at the 
sediment-water interface may promote higher precipitation and adsorption of dissolved P to 
apatite. However, apatite dissolution did occur at the 100 meter site, supporting previous work 
showing that apatite P may be an important source of phosphorus in Lake Michigan (Brooks & 
Edgington 1994). While apatite dissolution may be affected by mussels, the burial rate of 
phosphorus was similar to rates measured prior to the mussel invasion despite lower P 
concentrations within the water column leading to a lower residence time of phosphorus in the 
water column with an estimate of about 3.2 years. Burial rates might be similar despite lower P 
concentrations because mussels may increase the effective settling rates of phosphorus by 
filtering smaller particles out of the water column that typically would have longer residence 
times.  
 Figure 33 provides a good summary of the internal cycling of phosphorus changes since 
the expansion of mussels. Mussels have greatly increased the importance of the benthos as a P 
recycling site. Currently, more phosphorus is cycled in the benthos than by zooplankton within 
the water column. Increasing benthic recycling nearshore has led to higher rates of benthic 
macrophyte growth (Bootsma et al. 2004; Bootsma 2009; Auer et al. 2010; Bootsma et al. 2012). 
Offshore these changes may increase bacterial abundance and the importance of the microbial 
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food web for energy transfer. Future work should focus on profundal benthic bacteria and their 
role in nutrient cycling. 
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Appendix A: Mussel Excretion rates for each experiment. 


















4/20/2018 AW55 S (5-
11mm) 
4 21.6 120 2.0 3.5 0.0018 0.0020 0.0002 1.16 
4/20/2018 AW55 S (5-
11mm) 
4 30.2 120 2.0 3.5 0.0013 0.0022 0.0008 1.46 
4/20/2018 AW55 S (5-
11mm) 
4 19.5 120 2.0 3.5 0.0068 NA NA 1.50 
4/20/2018 AW55 M (12-
19mm) 
4 90.6 120 2.0 3.5 0.0012 0.0016 0.0003 0.49 
4/20/2018 AW55 M (12-
19mm) 
4 106.7 120 2.0 3.5 0.0008 0.0013 0.0006 0.43 
4/20/2018 AW55 M (12-
19mm) 
4 41.3 120 2.0 3.5 0.0027 0.0021 -0.0006 0.82 
4/20/2018 AW55 L (20-
27mm) 
4 64.5 120 2.0 3.5 0.0010 0.0042 0.0032 0.83 
4/20/2018 AW55 L (20-
27mm) 
4 99.1 120 2.0 3.5 0.0029 0.0035 0.0006 0.40 
4/20/2018 AW55 L (20-
27mm) 
4 83.7 120 2.0 3.5 0.0026 0.0020 -0.0006 0.59 
7/24/2018 AW55 S (5-
11mm) 
5 19 120 2.0 3.5 0.0008 0.0053 0.0045 1.46 
7/24/2018 AW55 S (5-
11mm) 
6 12.9 120 2.0 3.5 0.0081 NA NA 0.73 
7/24/2018 AW55 S (5-
11mm) 
6 26.7 120 2.0 3.5 0.0105 0.0111 0.0006 0.94 
7/24/2018 AW55 M (12-
19mm) 
4 25 120 2.0 3.5 0.0036 0.0042 0.0006 1.06 
7/24/2018 AW55 M (12-
19mm) 
4 31.2 120 2.0 3.5 0.0056 0.0055 -0.0001 0.71 
7/24/2018 AW55 M (12-
19mm) 
4 39 120 2.0 3.5 0.0022 0.0047 0.0025 0.46 

























7/24/2018 AW55 L (20-
27mm) 
4 86.8 120 2.0 3.5 0.0029 0.0033 0.0004 0.24 
7/24/2018 AW55 L (20-
27mm) 
4 70.8 120 2.0 3.5 0.0030 0.0034 0.0003 0.39 
7/24/2018 AW55 L (20-
27mm) 
4 94.7 120 2.0 3.5 0.0015 0.0028 0.0012 0.24 
8/6/2018 AW55 S (5-
11mm) 
5 11.5 120 2.3 4 0.0101 0.0108 0.0007 6.65 
8/6/2018 AW55 S (5-
11mm) 
6 13.7 120 2.3 4 0.0117 0.0089 -0.0029 3.28 
8/6/2018 AW55 S (5-
11mm) 
5 11.9 120 2.3 4 0.0080 0.0133 0.0052 4.63 
8/6/2018 AW55 M (12-
19mm) 
4 26.1 120 2.3 4 0.0081 0.0061 -0.0021 2.33 
8/6/2018 AW55 M (12-
19mm) 
4 28.9 120 2.3 4 0.0033 0.0011 -0.0022 0.83 
8/6/2018 AW55 M (12-
19mm) 
4 31.6 120 2.3 4 0.0044 0.0045 0.0002 1.82 
8/6/2018 AW55 L (20-
27mm) 
4 50.1 120 2.3 4 0.0060 0.0052 -0.0009 0.94 
8/6/2018 AW55 L (20-
27mm) 
4 53 120 2.3 4 0.0061 NA NA 0.97 
8/6/2018 AW55 L (20-
27mm) 
4 51.2 120 2.3 4 0.0023 0.0054 0.0030 1.07 
8/23/2018 AW55 S (5-
11mm) 
6 7.8 120 2.2 4 0.0053 NA NA NA 
8/23/2018 AW55 S (5-
11mm) 
6 5.7 120 2.2 4 0.0016 0.0020 0.0004 NA 
8/23/2018 AW55 M (12-
19mm) 
4 24.3 120 2.2 4 NA 0.0043 NA NA 
8/23/2018 AW55 M (12-
19mm) 
4 30.1 120 2.2 4 0.0029 0.0049 0.0020 NA 

























8/23/2018 AW55 M (12-
19mm) 
4 26.8 120 2.2 4 0.0116 0.0140 0.0024 NA 
8/23/2018 AW55 L (20-
27mm) 
4 60.2 120 2.2 4 NA 0.0029 NA NA 
8/23/2018 AW55 L (20-
27mm) 
4 45.8 120 2.2 4 0.0023 0.0035 0.0012 NA 
8/23/2018 AW55 L (20-
27mm) 
4 58.5 120 2.2 4 0.0012 0.0025 0.0014 NA 
9/11/2019 AW55 S (5-
11mm) 
5 8.3 100 2.0 4 0.0034 0.0042 0.0008 NA 
9/11/2019 AW55 M (12-
19mm) 
4 15 100 2.0 4 0.0066 0.0065 -0.0001 NA 
9/11/2019 AW55 M (12-
19mm) 
4 13.3 100 2.0 4 NA 0.0009 NA NA 
9/11/2019 AW55 M (12-
19mm) 
4 22 100 2.0 4 0.0031 0.0013 -0.0018 NA 
9/11/2019 AW55 L (20-
27mm) 
4 47.4 100 2.0 4 0.0041 0.0047 0.0007 NA 
9/11/2019 AW55 L (20-
27mm) 
4 50.9 100 2.0 4 0.0032 0.0034 0.0002 NA 
9/11/2019 AW55 L (20-
27mm) 
4 53.6 100 2.0 4 0.0029 0.0032 0.0003 NA 
10/9/2018 AW55 S (5-
11mm) 
10 17 100 2.0 6 0.0038 0.0037 -0.0001 3.89 
10/9/2018 AW55 S (5-
11mm) 
10 26.2 100 2.0 6 0.0023 0.0019 -0.0004 0.89 
10/9/2018 AW55 S (5-
11mm) 
10 15.2 100 2.0 6 0.0106 0.0108 0.0003 5.24 
10/9/2018 AW55 M (12-
19mm) 
4 34.1 100 2.0 6 0.0028 0.0004 -0.0024 1.11 
10/9/2018 AW55 M (12-
19mm) 
4 25.5 100 2.0 6 0.0070 0.0076 0.0006 1.24 

























10/9/2018 AW55 M (12-
19mm) 
4 37.8 100 2.0 6 0.0020 0.0025 0.0004 1.60 
10/9/2018 AW55 L (20-
27mm) 
4 55.7 100 2.0 6 0.0029 0.0033 0.0004 1.62 
10/9/2018 AW55 L (20-
27mm) 
4 56.3 100 2.0 6 0.0061 0.0055 -0.0006 1.32 
10/9/2018 AW55 L (20-
27mm) 
4 48.8 100 2.0 6 0.0051 0.0047 -0.0004 0.96 
5/2/2019 AW55 S (5-
11mm) 
11 10.5 100 2.0 3.5 0.0025 NA NA NA 
5/2/2019 AW55 S (5-
11mm) 
9 14.9 100 2.0 3.5 0.0021 0.0016 -0.0005 NA 
5/2/2019 AW55 S (5-
11mm) 
10 14.2 100 2.0 3.5 0.0034 0.0030 -0.0003 NA 
5/2/2019 AW55 M (12-
19mm) 
5 35.6 100 2.0 3.5 0.0017 0.0029 0.0012 NA 
5/2/2019 AW55 M (12-
19mm) 
4 26.9 100 2.0 3.5 0.0032 0.0037 0.0005 NA 
5/2/2019 AW55 M (12-
19mm) 
4 19.6 100 2.0 3.5 0.0066 0.0058 -0.0009 NA 
5/2/2019 AW55 L (20-
27mm) 
5 84.8 100 2.0 3.5 0.0032 0.0034 0.0002 NA 
5/2/2019 AW55 L (20-
27mm) 
4 63.1 100 2.0 3.5 0.0056 0.0052 -0.0005 NA 
5/2/2019 AW55 L (20-
27mm) 
5 62.6 100 2.0 3.5 0.0044 0.0038 -0.0007 NA 
7/1/2019 AW55 S (5-
11mm) 
8 12.1 100 2.0 4 0.0044 0.0059 0.0015 2.76 
7/1/2019 AW55 S (5-
11mm) 
10 13.2 100 2.0 4 0.0024 0.0036 0.0012 3.21 
7/1/2019 AW55 M (12-
19mm) 
5 49.6 100 2.0 4 0.0074 0.0070 -0.0003 NA 

























7/1/2019 AW55 M (12-
19mm) 
5 26.1 100 2.0 4 0.0054 0.0032 -0.0022 2.48 
7/1/2019 AW55 M (12-
19mm) 
5 31.6 100 2.0 4 0.0029 0.0039 0.0010 0.28 
7/1/2019 AW55 L (20-
27mm) 
4 65.6 100 2.0 4 0.0030 0.0036 0.0005 0.11 
7/1/2019 AW55 L (20-
27mm) 
4 56.8 100 2.0 4 0.0039 0.0038 0.0000 0.59 
7/1/2019 AW55 L (20-
27mm) 
4 43 100 2.0 4 0.0051 0.0059 0.0008 0.78 
12/5/2019 AW55 M (12-
19mm) 
5 31.5 70 1.3 3.5 0.0051 0.0107 0.0055 NA 
12/5/2019 AW55 M (12-
19mm) 
5 39 70 1.3 3.5 0.0050 0.0105 0.0055 NA 
12/5/2019 AW55 M (12-
19mm) 
5 43.2 70 1.3 3.5 0.0040 0.0073 0.0033 NA 
7/17/2018 AW25 S (5-
11mm) 
4 13.2 120 2.0 4 0.0076 0.0122 0.0047 5.49 
7/17/2018 AW25 S (5-
11mm) 
4 18.8 120 2.0 4 0.0011 0.0005 -0.0006 5.24 
7/17/2018 AW25 S (5-
11mm) 
4 4.9 120 2.0 4 NA NA NA 8.99 
7/17/2018 AW25 M (12-
19mm) 
4 50 120 2.0 4 0.0010 0.0009 -0.0001 0.97 
7/17/2018 AW25 M (12-
19mm) 
4 33.6 120 2.0 4 0.0013 0.0021 0.0007 0.91 
7/17/2018 AW25 M (12-
19mm) 
4 42.9 120 2.0 4 0.0027 NA NA 2.02 
7/17/2018 AW25 L (20-
27mm) 
4 66 120 2.0 4 0.0020 0.0017 -0.0004 0.79 
7/17/2018 AW25 L (20-
27mm) 
4 76 120 2.0 4 0.0019 0.0022 0.0003 0.63 

























7/17/2018 AW25 L (20-
27mm) 
4 91.7 120 2.0 4 0.0032 0.0046 0.0014 0.48 
8/16/2018 AW25 S (5-
11mm) 
4 10.2 100 2.0 6 NA 0.0027 NA 8.98 
8/16/2018 AW25 S (5-
11mm) 
4 8.6 100 2.0 6 NA 0.0047 NA 10.48 
8/16/2018 AW25 S (5-
11mm) 
4 10 100 2.0 6 0.0024 0.0095 0.0072 6.91 
8/16/2018 AW25 M (12-
19mm) 
4 49.6 100 2.0 6 0.0037 0.0050 0.0013 2.46 
8/16/2018 AW25 M (12-
19mm) 
4 29.5 100 2.0 6 0.0077 0.0092 0.0014 2.81 
8/16/2018 AW25 M (12-
19mm) 
4 83.1 100 2.0 6 0.0024 0.0032 0.0008 1.55 
8/16/2018 AW25 L (20-
27mm) 
4 103.6 100 2.0 6 0.0019 0.0027 0.0007 1.27 
8/16/2018 AW25 L (20-
27mm) 
4 115.2 100 2.0 6 0.0039 0.0055 0.0015 1.14 
8/16/2018 AW25 L (20-
27mm) 
4 77.1 100 2.0 6 0.0023 0.0031 0.0008 1.33 
9/4/2018 AW25 S (5-
11mm) 
4 5.7 100 2.2 7.5 0.0346 0.0317 -0.0029 NA 
9/4/2018 AW25 S (5-
11mm) 
4 6.9 100 2.2 7.5 0.0223 0.0157 -0.0066 NA 
9/4/2018 AW25 S (5-
11mm) 
4 9.7 100 2.2 7.5 0.0241 0.0257 0.0016 NA 
9/4/2018 AW25 M (12-
19mm) 
4 43.8 100 2.2 7.5 0.0062 0.0070 0.0008 NA 
9/4/2018 AW25 M (12-
19mm) 
4 51.2 100 2.2 7.5 0.0058 0.0063 0.0005 NA 
9/4/2018 AW25 M (12-
19mm) 
4 29.2 100 2.2 7.5 0.0105 0.0148 0.0044 NA 

























9/4/2018 AW25 L (20-
27mm) 
4 92 100 2.2 7.5 0.0077 0.0077 0.0000 NA 
9/4/2018 AW25 L (20-
27mm) 
4 134.9 100 2.2 7.5 0.0079 0.0106 0.0027 NA 
9/4/2018 AW25 L (20-
27mm) 
4 96.2 100 2.2 7.5 0.0053 0.0057 0.0004 NA 
10/18/2018 AW25 S (5-
11mm) 
4 12.6 100 2.0 7 0.0335 0.0287 -0.0048 NA 
10/18/2018 AW25 S (5-
11mm) 
4 30.8 100 2.0 7 0.0131 0.0121 -0.0010 NA 
10/18/2018 AW25 M (12-
19mm) 
4 37.4 100 2.0 7 0.0015 0.0002 -0.0013 NA 
10/18/2018 AW25 M (12-
19mm) 
4 32.3 100 2.0 7 0.0034 0.0027 -0.0007 NA 
10/18/2018 AW25 M (12-
19mm) 
4 43.7 100 2.0 7 0.0047 0.0041 -0.0006 NA 
10/18/2018 AW25 L (20-
27mm) 
4 96.8 100 2.0 7 0.0071 0.0067 -0.0005 NA 
10/18/2018 AW25 L (20-
27mm) 
4 124.7 100 2.0 7 0.0057 0.0054 -0.0003 NA 
10/18/2018 AW25 L (20-
27mm) 
4 82.7 100 2.0 7 0.0054 0.0051 -0.0004 NA 
4/25/2019 AW25 S (5-
11mm) 
4 12.6 100 2.2 3.5 0.0115 0.0207 0.0093 0.99 
4/25/2019 AW25 S (5-
11mm) 
4 16.2 100 2.2 3.5 0.0065 0.0139 0.0075 0.56 
4/25/2019 AW25 M (12-
19mm) 
4 35.5 100 2.2 3.5 0.0094 0.0090 -0.0005 1.19 
4/25/2019 AW25 M (12-
19mm) 
4 53.7 100 2.2 3.5 0.0036 0.0036 0.0000 1.09 
4/25/2019 AW25 M (12-
19mm) 
4 37.3 100 2.2 3.5 0.0041 0.0060 0.0018 0.57 

























4/25/2019 AW25 L (20-
27mm) 
4 99.4 100 2.2 3.5 0.0023 0.0021 -0.0002 0.73 
4/25/2019 AW25 L (20-
27mm) 
4 105.1 100 2.2 3.5 0.0050 0.0049 -0.0001 0.51 
4/25/2019 AW25 L (20-
27mm) 
4 94 100 2.2 3.5 0.0060 0.0062 0.0002 0.60 
9/20/2019 AW25 S (5-
11mm) 
4 13 100 2.0 8 0.0026 NA NA NA 
9/20/2019 AW25 S (5-
11mm) 
4 10 100 2.0 8 0.0048 0.0065 0.0018 NA 
9/20/2019 AW25 M (12-
19mm) 
4 24.4 100 2.0 8 0.0060 0.0059 -0.0001 NA 
9/20/2019 AW25 M (12-
19mm) 
4 30.5 100 2.0 8 0.0113 NA NA NA 
9/20/2019 AW25 M (12-
19mm) 
4 39.4 100 2.0 8 0.0056 0.0063 0.0007 NA 
9/20/2019 AW25 L (20-
27mm) 
4 92.9 100 2.0 8 0.0016 0.0030 0.0015 NA 
9/20/2019 AW25 L (20-
27mm) 
4 90.1 100 2.0 8 0.0032 0.0033 0.0001 NA 
9/20/2019 AW25 L (20-
27mm) 














Appendix B: Mussel Egestion rates for each experiment. 






P (μmol mgDW-1 
d-1) 
C (μmol mgDW-1 
d-1) 
N (μmol mgDW-1 
d-1) 
7/17/2018 AW25 L (15-
25mm) 
2 4 508.70 0.0025 0.9118 0.1162 
7/17/2018 AW25 L (15-
25mm) 
2 4 513.20 0.0062 0.8602 0.0734 
7/17/2018 AW25 L (15-
25mm) 
2 4 586.10 NA 0.2066 0.0504 
7/17/2018 AW25 S (5-
14mm) 
2 4 192.80 0.0037 0.2578 NA 
8/16/2018 AW25 L (15-
25mm) 
2 6 673.80 0.0031 0.5356 0.0330 
8/16/2018 AW25 L (15-
25mm) 
2 6 1004.40 0.0018 0.5761 0.0460 
8/16/2018 AW25 L (15-
25mm) 
2 6 664.40 0.0021 1.2987 0.1237 
8/16/2018 AW25 S (5-
14mm) 
2 6 36.00 0.0081 2.9512 NA 
8/16/2018 AW25 S (5-
14mm) 
2 6 29.20 0.0078 4.6865 NA 
8/16/2018 AW25 S (5-
14mm) 
2 6 49.60 0.0053 NA NA 
9/4/2018 AW25 L (15-
25mm) 
2 7.5 419.20 0.0037 0.4814 0.0436 
9/4/2018 AW25 L (15-
25mm) 
2 7.5 492.70 0.0037 0.8296 0.0816 
9/4/2018 AW25 L (15-
25mm) 
2 7.5 497.70 0.0033 0.4775 0.0478 
9/4/2018 AW25 S (5-
14mm) 
2 7.5 33.50 0.0073 1.3811 NA 













P (μmol mgDW-1 
d-1) 
C (μmol mgDW-1 
d-1) 
N (μmol mgDW-1 
d-1) 
9/4/2018 AW25 S (5-
14mm) 
2 7.5 38.30 0.0019 1.6231 NA 
9/4/2018 AW25 S (5-
14mm) 
2 7.5 51.00 0.0052 0.4880 NA 
10/18/2018 AW25 L (15-
25mm) 
2 7 430.10 0.0048 0.7058 0.0281 
10/18/2018 AW25 L (15-
25mm) 
2 7 347.80 0.0034 1.0025 0.0276 
10/18/2018 AW25 L (15-
25mm) 
2 7 428.30 0.0032 0.6709 0.0148 
4/25/2019 AW25 L (15-
25mm) 
2 4 505.7 0.0080 1.2431 0.0599 
4/25/2019 AW25 L (15-
25mm) 
2 4 617.6 0.0053 0.9454 0.0630 
4/25/2019 AW25 L (15-
25mm) 
2 4 646.3 0.0036 0.5790 0.0424 
4/25/2019 AW25 S (5-
14mm) 
2 4 31.3 0.0198 0.9283 NA 
4/25/2019 AW25 S (5-
14mm) 
2 4 77.2 0.0035 0.6741 NA 
4/25/2019 AW25 S (5-
14mm) 
2 4 44.4 0.0142 1.0795 NA 
9/20/2019 AW25 L (15-
25mm) 
2 8 750 0.0064 0.9530 0.0690 
9/20/2019 AW25 L (15-
25mm) 
2 8 1011.4 0.0169 2.7617 0.1855 
9/20/2019 AW25 L (15-
25mm) 
2 8 522.3 0.0108 1.7524 0.1092 
4/20/2018 AW55 L (15-
25mm) 
2 3.5 945.7 0.0020 0.4060 0.0271 













P (μmol mgDW-1 
d-1) 
C (μmol mgDW-1 
d-1) 
N (μmol mgDW-1 
d-1) 
4/20/2018 AW55 L (15-
25mm) 
2 3.5 1458.2 0.0027 0.2947 0.0160 
4/20/2018 AW55 L (15-
25mm) 
2 3.5 590.2 0.0058 0.6038 0.0576 
4/20/2018 AW55 L (15-
25mm) 
2 3.5 813.8 0.0011 1.6022 0.0562 
4/20/2018 AW55 L (15-
25mm) 
2 3.5 2343.6 0.0011 0.2350 0.0157 
8/6/2018 AW55 L (15-
25mm) 
2 4 398.9 0.0028 0.7567 0.0653 
8/6/2018 AW55 L (15-
25mm) 
2 4 386.60 0.0023 0.8036 0.0687 
8/6/2018 AW55 L (15-
25mm) 
2 4 338.20 0.0015 0.2476 0.0261 
8/6/2018 AW55 S (5-
14mm) 
2 4 122.1 0.0043 1.0001 NA 
8/6/2018 AW55 S (5-
14mm) 
2 4 115.7 0.0142 1.2715 NA 
8/6/2018 AW55 S (5-
14mm) 
2 4 108.7 0.0056 1.0152 NA 
8/23/2018 AW55 L (15-
25mm) 
2 4 349.4 0.0022 0.2543 0.0680 
8/23/2018 AW55 L (15-
25mm) 
2 4 394.4 0.0052 0.9005 0.1099 
8/23/2018 AW55 L (15-
25mm) 
2 4 342.6 0.0073 1.1327 0.1695 
8/23/2018 AW55 S (5-
14mm) 
2 4 33 0.0016 0.6153 NA 
8/23/2018 AW55 S (5-
14mm) 
2 4 45.3 0.0013 0.3400 NA 













P (μmol mgDW-1 
d-1) 
C (μmol mgDW-1 
d-1) 
N (μmol mgDW-1 
d-1) 
8/23/2018 AW55 S (5-
14mm) 
2 4 46.2 0.0014 NA NA 
9/11/2018 AW55 L (15-
25mm) 
2 4 438.00 0.0021 0.2762 
 
9/11/2018 AW55 L (15-
25mm) 
2 4 485.90 0.0012 0.3280 0.0405 
9/11/2018 AW55 L (15-
25mm) 
2 4 366.4 0.0018 0.4642 0.0581 
9/11/2018 AW55 S (5-
14mm) 
2 4 56.6 0.0020 1.0928 NA 
9/11/2018 AW55 S (5-
14mm) 
2 4 64.4 0.0028 0.6574 NA 
10/9/2018 AW55 L (15-
25mm) 
2 6 406.6 0.0041 0.5797 0.0472 
10/9/2018 AW55 L (15-
25mm) 
2 6 419.7 0.0030 0.5486 0.0320 
10/9/2018 AW55 L (15-
25mm) 
2 6 409.2 0.0039 1.0519 0.0800 
10/9/2018 AW55 S (5-
14mm) 
2 6 85.5 0.0055 0.8117 NA 
10/9/2018 AW55 S (5-
14mm) 
2 6 79.7 0.0081 0.9781 NA 
10/9/2018 AW55 S (5-
14mm) 
2 6 90.1 0.0041 0.6124 NA 
5/2/2019 AW55 L (15-
25mm) 
2 3.5 366 0.0019 2.0750 0.1284 
5/2/2019 AW55 L (15-
25mm) 
2 3.5 322.3 0.0010 1.2888 0.1000 
5/2/2019 AW55 L (15-
25mm) 
2 3.5 386.7 0.0003 0.8287 0.1201 













P (μmol mgDW-1 
d-1) 
C (μmol mgDW-1 
d-1) 
N (μmol mgDW-1 
d-1) 
5/2/2019 AW55 S (5-
14mm) 
2 3.5 38.2 NA 1.0418 NA 
5/2/2019 AW55 S (5-
14mm) 
2 3.5 50.5 0.0034 0.5868 NA 
5/2/2019 AW55 S (5-
14mm) 
2 3.5 48.3 0.0008 1.1537 NA 
7/1/2019 AW55 L (15-
25mm) 
2 4 378.9 0.0081 1.0055 0.0961 
7/1/2019 AW55 L (15-
25mm) 
2 4 473 0.0064 0.6215 0.0576 
7/1/2019 AW55 L (15-
25mm) 
2 4 449.1 0.0027 0.3591 0.0276 
7/1/2019 AW55 S (5-
14mm) 
2 4 88.2 0.0023 0.5117 NA 
7/1/2019 AW55 S (5-
14mm) 
2 4 57.5 0.0021 0.4377 NA 
7/1/2019 AW55 S (5-
14mm) 
2 4 53.1 0.0052 0.5336 NA 
12/5/2019 AW55 L (15-
25mm) 
2 3.5 422.6 0.0190 NA NA 
12/5/2019 AW55 L (15-
25mm) 
2 3.5 418.1 0.0059 NA NA 
12/5/2019 AW55 L (15-
25mm) 
2 3.5 453.1 0.0008 NA NA 
 
  







Appendix C: Mussel Clearance Rates Calculations  














4/20/2018 AW55 41500 3765 0.03 203.11 49.14 0.19 0.05 
8/6/2018 AW55 41500 3765 0.05 470.04 132.85 0.24 0.07 
8/23/2018 AW55 41500 3765 0.07 331.07 114.04 0.11 0.04 
9/11/2018 AW55 41500 3765 0.02 243.25 42.42 0.26 0.05 
10/9/2018 AW55 41500 3765 0.04 385.28 77.80 0.24 0.05 
5/14/2019 AW55 41500 3765 0.02 213.75 43.53 0.24 0.05 
7/1/2019 AW55 41500 3765 0.02 376.40 68.06 0.55 0.11 
7/17/2018 AW25 20926 6128 0.06 141.34 52.83 0.11 0.05 
8/16/2018 AW25 20926 6128 0.03 171.35 62.08 0.28 0.13 
9/4/2018 AW25 20926 6128 0.04 376.83 138.93 0.42 0.20 
10/18/2018 AW25 20926 6128 0.04 274.13 116.14 0.31 0.16 
4/25/2019 AW25 20926 6128 0.03 316.13 118.40 0.53 0.25 
9/20/2019 AW25 20926 6128 0.05 342.36 124.58 0.31 0.14 







Appendix D: Biodeposit Composition After Incubation for the Batch Experiments 
Exp. A Biodeposit Composition Report 
Duration (days) Volume (L) Biodeposit    Mass (mg) P (μmol) N (μmol) C (μmol) C:P C:N 
14 0.5 
Starting (S) (n=2) 
Mean 1.95 0.13 0.5 9.5 73.2 18.3 
Standard Deviation 0.85 0.06 0.1 0.9 32.6 8.4 
Biodeposit Treatment (BE) (n=3) 
Mean 3 0.22 2.9 33.8 160.7 11.5 
Standard Deviation 0.08 0.04 0.1 2.4 41.1 0.4 
Biodeposit with added P Treatment (B+E) (n=3) 
Mean 2.53 0.43 3.9 39.1 114.0 9.9 
Standard Deviation 0.41 0.23 0.2 4.5 45.5 0.9 
Biodeposit: Starting t-test p value 0.43 0.30 0.0010 0.0003 0.2 0.06 
Biodeposit + P: Starting t-test p value 0.62 0.19 0.01 0.0007 0.98 0.017 
 
Exp. B Biodeposit Composition Report 
Duration (days) Volume (L) Biodeposit    Mass (mg) P (μmol) N (μmol) C (μmol) C:P C:N 
17 0.5 
Starting (S) (n=3) 
Mean 13 0.60 4.6 75.0 125.9 16.4 
Standard Deviation 0.4 0.02 0.1 2.2 5.1 0.7 
Biodeposit Treatment (BE) (n=3) 
Mean 12.2 0.70 5.4 82.4 117.3 15.4 
Standard Deviation 0.4 0.10 0.7 5.7 17.9 2.9 
Biodeposit with added P Treatment (B+E) (n=3) 
Mean 11.9 0.79 11.1 133.3 168.8 12.0 
Standard Deviation 0.9 0.09 4.0 34.2 46.9 4.5 
Biodeposit: Starting t-test p value 0.11 0.25 0.25 0.20 0.6 0.32 
Biodeposit + P: Starting t-test p value 0.22 0.08 0.35 0.34 0.57 0.23 
  







Exp. C Biodeposit Composition Report 
Duration (days) Volume (L) Biodeposit    Mass (mg) P (μmol) N (μmol) C (μmol) C:P C:N 
22 3 
Starting (S) (n=4) 
Mean 10.35 0.63 5.4 73.2 116.0 13.5 
Standard Deviation 0.89 0.06 0.4 6.6 14.9 1.7 
Biodeposit Treatment (BE) (n=2) 
Mean 8.58 0.57 9.5 94.9 165.2 10.0 
Standard Deviation 0.25 0.05 0.1 1.3 14.1 0.8 
 Biodeposit with added P Treatment (B+E) (n=3) 
Mean 15.78 1.84 43.2 411.2 223.0 9.5 
Standard Deviation 1.42 0.17 7.6 53.3 35.6 1.9 
Biodeposit: Starting t-test p value 0.03 0.29 0.0003 0.02 0.20 0.006 
Biodeposit + P: Starting t-test p value 0.02 0.007 0.02 0.01 0.08 0.001 
 
 
Appendix E: Biofilm Composition for Batch Experiment 3 
Exp. C Biofilm Composition Report 
Biodeposit  P (μmol) N (μmol) C (μmol) C:P C:N 
FW+ 
(n=3) 
Mean 1.71 20.89 110.34 64.77 5.30 
Standard Deviation 0.08 3.34 15.48 10.88 0.15 
B (n=2) 
Mean 0.02 1.18 10.59 451.20 9.11 
Standard Deviation 0.01 0.71 6.12 12.25 0.27 
B+ (n=3) 
Mean 0.52 11.26 111.94 216.32 9.98 
Standard Deviation 0.07 3.10 30.72 43.53 0.68 
One-way ANOVA P Value 0.00001 0.005 0.016 0.000 0.0003 
Tukey HSD P values 







0.008 FW+-B+: 0.0004 
B-B+: 0.003 B-B+: 0.059 B-B+: 0.02 B-B+: 0.002 B-B+: 0.29 
 



























Flow Exp. Biodeposit Composition Report 
Duration (days) Volume (L) Biodeposit    Mass (mg) P (μmol) N (μmol) C (μmol) C:P C:N 
12 1 
Starting (S) (n=4) 
Mean 1.67 0.08 1.5 15.8 193.6 10.2 
Standard Deviation 0.16 0.01 0.2 1.7 25.6 1.44 
Biodeposit Treatment (BE) (n=3) 
Mean 1.47 0.10 2.5 24.6 251.8 9.9 
Standard Deviation 0.29 0.02 0.3 2.9 50.6 1.96 
Antibiotic Treatment (AB) (n=3) 
Mean 1.27 0.10 2.4 20.6 198.6 8.6 
Standard Deviation 0.18 0.02 0.2 3.0 53.6 2.1 
Biodeposit: Starting t test p value 0.44 0.29 0.02 0.03 0.03 0.35 
Antibiotic +Biodeposit: Starting t test p value 0.06 0.32 0.02 0.14 0.7 0.07 
Flow Exp. Biofilm Composition Report 
Biodeposit    P (μmol) N (μmol) C (μmol) C:P C:N 
C (n=2) 
Mean 0.05 11.76 105.01 2221.40 8.28 
Standard Deviation 0.00 8.27 79.37 1617.25 0.93 
B (n=3) 
Mean 0.14 3.34 21.28 154.48 6.40 
Standard Deviation 0.05 0.99 6.42 16.84 0.35 
AB (n=3) 
Mean 0.07 5.24 34.08 560.68 6.47 
Standard Deviation 0.02 1.49 10.96 260.71 0.51 
One-way ANOVA P Value 0.09 0.31 0.26 0.18 0.08 
Tukey HSD P values 
  










AW55 7/23/18-7/31/18 35.3 1.29 
AW55 7/23/18-7/31/18 30.8 2.11 
AW55 7/23/18-7/31/18 26.9 1.24 
AW55 7/23/18-7/31/18 22.6 1.02 
AW55 7/23/18-7/31/18 18.7 1.08 
AW55 7/23/18-7/31/18 15.5 0.59 
AW55 7/23/18-7/31/18 7 2.10 
AW55 7/23/18-7/31/18 3 2.36 
AW55 8/9/18-8/16/18 29.6 0.85 
AW55 8/9/18-8/16/18 27.3 0.58 
AW55 8/9/18-8/16/18 23.2 0.76 
AW55 8/9/18-8/16/18 20.3 0.60 
AW55 8/9/18-8/16/18 15.7 0.78 
AW55 8/9/18-8/16/18 11.7 0.63 
AW55 8/9/18-8/16/18 7.3 0.81 
AW55 8/9/18-8/16/18 3.5 1.12 
AW55 8/16/18-8/23/18 32 0.69 
AW55 8/16/18-8/23/18 25 0.74 
AW55 8/16/18-8/23/18 16.5 0.90 
AW55 8/16/18-8/23/18 11 0.77 
AW55 8/16/18-8/23/18 7 1.04 
AW55 8/16/18-8/23/18 31.8 0.67 
AW55 8/16/18-8/23/18 25.3 0.72 
AW55 8/16/18-8/23/18 21.3 0.57 
AW55 8/16/18-8/23/18 13.3 0.92 
AW55 8/16/18-8/23/18 9.3 0.84 
AW55 8/16/18-8/23/18 5.5 1.14 
AW55 8/23/18-9/4/18 30.4 0.77 
AW55 8/23/18-9/4/18 26.7 0.92 
AW55 8/23/18-9/4/18 22.1 0.46 
AW55 8/23/18-9/4/18 18.5 0.70 
AW55 8/23/18-9/4/18 14.7 0.54 
AW55 8/23/18-9/4/18 10 0.59 
AW55 9/11/18-9/25/18 33.3 0.00 
AW55 9/11/18-9/25/18 30.8 0.89 
AW55 9/11/18-9/25/18 26.8 0.23 
AW55 9/11/18-9/25/18 22.8 0.23 




AW55 9/11/18-9/25/18 18.9 0.70 
AW55 9/11/18-9/25/18 14.8 0.56 
AW55 9/11/18-9/25/18 10.8 0.66 
AW55 9/11/18-9/25/18 7  2.31 
AW55 7/1/19-7/11/19 21 0.80 
AW55 7/1/19-7/11/19 17.1 1.24 
AW55 7/1/19-7/11/19 12.6 0.91 
AW55 7/1/19-7/11/19 8.4 1.99 
AW55 7/1/19-7/11/19 26.7 1.38 
AW55 7/1/19-7/11/19 22.7 1.14 
AW55 7/1/19-7/11/19 18.4 1.41 
AW55 7/1/19-7/11/19 14.4 0.82 
AW55 7/1/19-7/11/19 10.1 1.92 










































2 9.47 3 9.33 2 8.5 1.5 9.08 2 9.72 2 9.48 
0.5 9.24 2 9.35 1.5 8.05 1 8.68 1.5 9.04 1 9.55 
0 7.06 1.5 9.35 1 7.87 0.5 8.14 1 9.04 0.5 9.54 
-0.4 5.1 1 9.17 0.5 7.8 0 6.55 0.5 8.71 0 7.99 
-0.6 4.33 0.5 8.91 0 6.16 -0.4 5.35 0 8.18 -0.2 6.12 
-0.7 2.1 0 7.95 -0.2 5.7 -0.6 4.69 -0.3 6.91 -0.6 4.87 
-0.8 1.81 -0.2 7.26 -0.5 5.01 -0.8 4.22 -0.5 6.71 -0.9 4.45 
-1 0.93 -0.4 7.16 -1 4.86 -1 3.61 -0.7 5.53 -1.3 4.07 
-1.1 0.52 -0.8 5.63 -1.4 4.49 -1.2 3.29 -1 4.54 -1.8 3.9 
-1.2 0.43 -1.1 4.96 -1.6 4.19 -1.4 3.14 -1.5 3.01 -2.8 3.4 
-1.4 0.11 -1.3 4.61 -2 3.83 -1.6 2.76 -1.7 2.81 
  
-1.5 0 -1.6 4.4 -2.3 3.53 -1.8 2.61 -1.9 2.81 
  
  
-1.8 4.23 -2.8 3.12 -2 2.41 -2.1 1.91 
  
  
-2 4.15 -3.1 3.12 -3 1.99 -2.4 1.46 
  
  
-2.1 4.11 -3.6 2.69 -7 1.7 -2.8 1.38 
  
  
-2.3 4.07 -4 2.56 -8 0.95 -3 1.35 
  
  
-2.5 3.97 -4.5 2.51 -8.5 0.74 -3.2 1.17 
  
  



















    
-4.4 0.97 
  
        
-4.6 0.97 
  
        
-4.8 0.95 
  
        
-5.2 0.94 
  
        
-5.6 0.91 
  
        
-6 0.87 
  
        
-6.2 0.77 
  
        
-6.6 0.73 
  




















-4.5 12.28 -2 13.86 
-4.3 12.25 -0.5 13.63 
-3 12.43 0 9.86 
-1.5 12.42 0.4 7.32 
0 12.03 1.5 8.06 
0.2 10.65 1.9 8.07 
0.5 10.19 2.3 6.72 
0.7 8.47 2.7 6.7 
1.1 7.34 3 2.72 












































7/23/2019 100m A 0.3 96.14 35.27 0.93 22.89 0.27 2.44 0.08 -26.74 0.03 5.53 0.03 
7/23/2019 100m A 0.5 82.27 23.60 0.49 9.47 0.25 1.42 0.03 -26.71 0.03 4.87 0.07 
7/23/2019 100m A 1.9 61.53 15.63 0.39 4.77 0.34 0.55 0.01 -27.01 0.02 3.80 0.12 
7/23/2019 100m A 2 58.16 18.75 0.87 3.70 0.18 0.55 0.01 -26.98 0.05 3.87 0.12 
7/23/2019 100m A 2.3 52.44 13.39 0.63 4.95 0.21 0.45 0.01 -27.00 0.06 3.59 0.09 
7/23/2019 100m A 2.5 51.53 17.16 0.10 4.88 NA 0.52 0.04 -27.08 NA 3.10 0.02 
7/23/2019 100m A 2.8 53.53 15.50 0.33 3.79 0.15 0.51 0.01 -26.96 0.04 3.92 0.03 
7/23/2019 100m A 3 51.96 15.47 0.37 2.83 0.18 0.43 0.00 -26.76 0.03 4.08 0.01 
7/23/2019 100m A 3.2 52.70 14.73 0.15 3.25 0.09 0.44 0.01 -26.93 0.02 3.88 0.12 
7/23/2019 100m A 3.5 50.73 15.82 0.54 3.42 0.10 0.48 0.01 -27.08 0.02 3.99 0.09 
7/23/2019 100m A 3.8 53.65 15.27 0.46 3.94 0.23 0.44 0.01 -26.89 0.09 3.81 0.02 
7/23/2019 100m A 4.3 53.10 14.84 0.28 3.71 0.20 0.48 0.02 -26.96 0.05 4.36 0.16 
7/23/2019 100m A 4.8 52.68 NA NA 2.31 0.13 NA NA -27.04 0.08 NA NA 
7/23/2019 100m A 5.2 51.49 14.29 0.18 3.69 0.12 0.45 0.02 -27.06 0.02 3.60 0.12 
7/23/2019 100m A 5.5 53.25 15.94 0.31 5.19 0.27 0.57 0.02 -27.07 0.04 4.04 0.05 
7/23/2019 100m A 5.9 54.10 16.63 0.86 4.86 0.16 0.51 0.01 -27.03 0.04 3.28 0.10 
7/23/2019 100m A 6.3 54.30 16.01 0.27 5.17 0.15 0.51 0.01 -27.06 0.08 3.02 0.17 
7/23/2019 100m A 6.7 57.08 18.26 0.51 5.48 0.10 0.59 0.02 -26.97 0.02 3.75 0.09 
7/23/2019 100m A 7 51.22 18.10 0.19 5.00 0.10 0.63 0.01 -27.09 0.01 3.84 0.07 
7/23/2019 100m A 8 56.55 16.19 0.38 5.43 0.56 0.55 0.01 -27.01 0.03 3.79 0.03 
7/23/2019 100m A 8.5 56.75 16.92 0.68 4.27 0.28 0.55 0.04 -27.09 0.05 3.69 0.01 
7/23/2019 100m A 8.8 57.78 16.84 0.28 5.53 0.06 0.56 0.01 -27.21 0.05 3.66 0.20 
7/23/2019 100m A 9.8 56.71 17.80 0.21 5.82 0.28 0.54 0.01 -27.20 0.02 3.64 0.10 
7/23/2019 100m A 10.5 59.22 20.73 0.15 5.66 0.12 0.63 0.01 -27.16 0.02 3.86 0.04 
7/23/2019 100m B 0.1 86.69 25.98 0.62 14.99 0.17 1.76 0.06 -26.74 0.02 5.25 0.03 
7/23/2019 100m B 0.2 82.71 22.53 1.66 11.49 0.24 1.54 0.12 -26.74 0.04 5.22 0.06 
7/23/2019 100m B 0.6 63.64 15.51 0.38 5.70 0.28 0.50 0.17 -26.65 0.03 4.64 0.03 










7/23/2019 100m B 0.8 57.31 16.72 0.18 4.33 0.20 0.54 0.02 -26.76 0.05 3.83 0.09 
7/23/2019 100m B 1 56.96 17.87 0.22 4.76 0.23 0.56 0.02 -26.92 0.01 3.89 0.07 
7/23/2019 100m B 1.3 54.40 14.93 0.91 3.36 0.19 0.45 0.02 -27.01 0.02 2.92 0.22 
7/23/2019 100m B 1.5 50.46 16.14 0.55 2.90 0.10 0.46 0.04 -26.73 0.06 3.02 0.14 
7/23/2019 100m B 1.9 49.62 13.47 0.11 3.14 0.07 0.40 0.01 -26.82 0.01 3.16 0.10 
7/23/2019 100m B 2.1 49.15 14.98 0.26 3.76 0.11 0.37 0.01 -26.91 0.03 3.00 0.04 
7/23/2019 100m B 2.2 49.61 15.80 0.40 3.64 0.13 0.42 0.00 -26.86 0.05 3.02 0.14 
7/23/2019 100m B 2.3 49.09 14.43 0.20 2.34 0.21 0.43 0.01 -26.96 0.04 3.64 0.21 
7/23/2019 100m B 2.7 51.92 15.04 0.44 3.42 0.16 0.46 0.02 -26.84 0.07 3.61 0.11 
7/23/2019 100m B 3 55.07 15.42 0.12 3.71 0.18 0.51 0.02 -26.91 0.00 3.65 0.15 
7/23/2019 100m B 3.5 53.27 15.63 0.60 4.69 0.26 0.48 0.02 -27.08 0.04 3.38 0.26 
7/23/2019 100m B 4 54.07 17.12 0.44 4.38 0.49 0.54 0.01 -26.91 0.03 3.57 0.05 
7/23/2019 100m B 4.4 54.98 16.73 0.31 5.26 0.16 0.57 0.01 -26.93 0.11 3.78 0.10 
7/23/2019 100m B 4.8 55.16 17.23 0.54 5.34 0.27 0.60 0.02 -26.94 0.02 3.05 0.09 
7/23/2019 100m B 5.3 56.05 19.42 0.29 6.14 0.44 0.60 0.01 -26.99 0.02 3.57 0.06 
7/23/2019 100m B 5.9 53.58 18.39 0.29 3.56 0.41 0.51 0.00 -27.12 0.00 3.58 0.04 





























7/19/2018 AW55 1 0.3 7 74.06 26.64 0.94 0.79 0.026 0.33 0.005 
7/19/2018 AW55 1 0.8 2 59.97 21.42 0.71 0.31 0.007 0.29 0.013 
7/19/2018 AW55 1 1.4 0 46.58 22.65 0.42 0.28 0.002 0.28 0.005 
7/19/2018 AW55 1 2 0 43.00 24.10 0.55 0.20 0.005 0.27 0.002 
7/19/2018 AW55 1 2.8 0 39.61 23.45 0.36 0.15 0.006 0.32 0.009 
7/19/2018 AW55 1 6.8 0 61.38 37.53 0.30 0.43 0.009 0.52 0.011 
7/19/2018 AW55 1 8.8 0 69.82 53.22 0.17 0.74 0.009 0.51 0.003 
7/19/2018 AW55 2 0.6 0 65.32 24.42 0.53 0.23 0.005 0.30 0.013 
7/19/2018 AW55 2 0.7 1 51.23 21.34 0.35 0.32 0.010 0.26 0.005 
7/19/2018 AW55 2 0.9 0 44.19 22.57 0.49 0.26 0.011 0.27 0.006 
7/19/2018 AW55 2 1.5 0 43.58 20.54 0.24 0.22 0.002 0.29 0.008 
7/19/2018 AW55 2 1.9 0 41.45 22.99 0.69 0.20 0.006 0.30 0.003 
7/19/2018 AW55 2 2.9 0 38.46 25.81 0.41 0.16 0.002 0.33 0.008 
7/19/2018 AW55 2 3.3 0 45.36 31.90 0.27 0.18 0.010 0.39 0.007 
7/19/2018 AW55 2 3.9 0 48.22 29.66 0.55 0.24 0.004 0.45 0.009 
7/19/2018 AW55 3 1 5 52.41 27.02 1.35 0.34 0.018 0.27 0.003 
7/19/2018 AW55 3 1.2 1 43.90 23.18 0.80 0.23 0.012 0.29 0.004 
7/19/2018 AW55 3 1.7 0 42.19 23.61 0.32 0.18 0.003 0.28 0.011 
7/19/2018 AW55 3 2.2 0 38.04 23.10 0.89 0.18 0.006 0.31 NA 
7/19/2018 AW55 3 2.7 0 38.55 28.27 0.79 0.15 0.001 0.32 0.007 
7/19/2018 AW55 3 3.3 0 42.73 25.19 0.82 0.15 0.003 0.36 0.000 
7/19/2018 AW55 3 3.5 0 44.52 28.01 0.03 0.19 0.005 0.38 0.009 
7/19/2018 AW55 3 4.1 0 50.54 30.92 0.27 0.22 0.011 0.47 0.011 
7/19/2018 AW55 3 4.3 0 62.60 34.01 0.32 0.43 0.006 0.62 0.003 
7/19/2018 AW55 3 4.5 0 64.17 37.00 0.19 0.37 0.006 0.67 0.005 
7/19/2018 AW55 4 0.2 4 59.17 17.39 0.54 0.44 0.011 0.22 0.001 
7/19/2018 AW55 4 0.4 1 56.33 23.26 1.87 0.35 0.014 0.27 0.003 





























7/19/2018 AW55 4 0.6 0 50.05 25.27 0.35 0.34 0.011 0.23 0.000 
7/19/2018 AW55 4 0.8 0 49.48 22.98 0.63 0.24 0.008 0.26 0.005 
7/19/2018 AW55 4 1 0 45.33 24.59 0.39 0.23 0.012 0.30 0.005 
7/19/2018 AW55 4 1.2 0 43.29 24.02 0.42 0.26 0.013 0.31 0.008 
7/19/2018 AW55 4 1.4 1 41.88 24.31 0.55 0.21 0.001 0.28 0.004 
7/19/2018 AW55 4 1.7 0 43.49 24.40 0.42 0.20 0.007 0.27 0.005 
7/19/2018 AW55 4 1.9 0 38.95 20.37 0.67 0.14 0.004 0.31 0.017 
7/19/2018 AW55 4 2.1 0 38.66 25.65 0.44 0.12 0.002 0.30 0.013 
7/19/2018 AW55 4 2.3 0 37.40 26.62 0.60 0.12 0.001 0.33 0.008 
7/19/2018 AW55 4 2.7 0 39.10 30.09 0.06 0.15 0.000 0.33 0.006 
7/19/2018 AW55 4 2.9 0 41.21 29.64 0.47 0.15 0.002 0.32 0.000 
7/19/2018 AW55 4 3.3 0 51.29 30.74 0.55 0.25 0.011 0.46 0.009 
7/19/2018 AW55 4 3.8 0 63.21 37.71 0.08 0.39 0.003 0.60 0.004 
7/19/2018 AW55 4 4 0 62.25 39.94 0.16 0.38 0.003 0.66 0.010 
7/19/2018 AW55 4 4.2 0 64.42 41.95 0.01 0.36 0.015 0.61 0.002 
7/19/2018 AW55 4 5.2 0 66.41 43.43 0.05 0.47 0.011 0.60 0.002 
7/19/2018 AW55 4 5.3 0 61.68 47.95 0.40 0.48 0.007 0.51 0.013 
7/19/2018 AW55 4 5.5 0 65.47 36.12 0.19 0.37 0.001 0.53 0.008 
7/19/2018 AW55 4 5.7 0 62.74 48.62 0.59 0.52 0.006 0.52 0.006 
7/19/2018 AW55 4 6.2 0 59.92 50.56 0.40 0.47 0.005 0.46 0.000 
7/19/2018 AW55 4 7.2 0 47.78 44.93 0.23 0.21 0.002 0.34 0.004 
7/19/2018 AW55 5 0.1 0 57.22 16.59 0.75 0.40 0.019 0.23 0.010 
7/19/2018 AW55 5 0.3 3 56.41 34.33 1.80 0.57 0.010 0.28 0.010 
7/19/2018 AW55 5 0.5 0 55.29 28.00 0.63 0.45 0.018 0.29 0.001 
7/19/2018 AW55 5 0.8 0 49.74 23.65 1.28 0.32 0.010 0.22 0.006 
7/19/2018 AW55 5 1 0 44.92 24.92 0.95 0.31 0.008 0.27 0.008 
7/19/2018 AW55 5 1.2 0 28.34 21.95 1.37 0.47 0.011 0.27 0.007 
7/19/2018 AW55 5 1.4 0 41.79 24.94 0.45 0.24 0.001 0.33 NA 





























7/19/2018 AW55 5 1.9 0 40.09 22.96 0.33 0.17 0.001 0.29 0.002 
7/19/2018 AW55 5 2.3 0 38.85 23.75 0.51 0.15 0.004 0.32 0.001 
7/19/2018 AW55 5 2.7 0 60.67 27.77 0.40 0.13 0.005 0.32 0.000 
7/19/2018 AW55 5 2.9 0 39.25 29.62 0.77 0.14 0.000 0.33 0.010 
7/19/2018 AW55 5 3.4 0 46.49 32.47 0.85 0.15 0.007 0.35 0.005 
7/19/2018 AW55 5 3.6 0 53.14 33.38 0.14 0.29 0.001 0.47 0.003 
7/19/2018 AW55 5 3.8 0 61.34 40.31 0.31 0.39 0.005 0.54 0.010 
7/19/2018 AW55 5 4 0 64.99 38.69 0.24 0.44 0.009 0.64 0.015 
7/19/2018 AW55 5 4.2 0 65.21 40.16 0.43 0.44 0.005 0.58 0.004 
7/19/2018 AW55 5 4.4 0 64.15 41.37 0.73 0.42 0.005 0.57 0.002 
7/19/2018 AW55 5 4.9 0 63.14 42.70 0.16 0.39 0.003 0.56 0.007 
7/19/2018 AW55 5 5.4 0 66.32 42.39 0.27 0.44 0.005 0.62 0.007 
7/19/2018 AW55 5 5.9 0 65.75 41.39 0.14 0.50 0.003 0.60 0.003 
7/19/2018 AW55 5 6.3 0 64.62 42.97 0.17 0.54 0.003 0.60 0.007 
7/19/2018 AW55 5 6.9 0 67.76 43.76 0.40 0.55 0.006 0.65 NA 
7/19/2018 AW55 5 7.4 0 65.69 45.20 0.18 0.52 0.009 0.61 0.007 
7/19/2018 AW55 5 7.9 0 64.79 48.31 0.17 0.56 0.002 0.49 0.006 
7/19/2018 AW55 5 8.4 0 65.27 49.86 0.11 0.65 0.004 0.51 0.002 
7/19/2018 AW55 5 8.9 0 66.74 51.69 0.09 0.63 0.013 0.51 0.003 
7/19/2018 AW55 5 9.4 0 67.42 51.50 0.52 0.69 0.008 0.51 0.006 
7/19/2018 AW55 5 9.9 0 68.38 50.74 0.27 0.70 0.002 0.51 0.006 
7/19/2018 AW55 5 13.1 0 37.62 28.83 0.26 0.13 0.005 0.32 0.003 
7/19/2018 AW55 6 0.4 0 51.14 22.19 0.82 0.39 0.011 0.25 0.001 
7/19/2018 AW55 6 0.9 1 45.58 22.98 1.26 0.24 0.012 0.29 0.007 
7/19/2018 AW55 6 1.1 0 42.28 23.90 0.59 0.18 0.005 0.30 0.005 
7/19/2018 AW55 6 1.3 0 40.99 25.84 0.30 0.16 0.000 0.30 0.004 
7/19/2018 AW55 6 1.5 0 37.31 26.67 0.58 0.18 0.013 0.31 0.003 
7/19/2018 AW55 6 1.9 0 59.23 28.56 0.68 0.14 0.004 0.32 0.004 

















































7/19/2018 AW55 6 3.1 0 49.67 30.97 0.60 0.19 0.005 0.40 0.002 
7/19/2018 AW55 6 3.3 0 64.70 40.50 0.42 0.41 0.008 0.64 0.001 
7/19/2018 AW55 6 3.9 0 63.00 40.93 0.15 0.35 0.004 0.61 0.008 
































7/23/2018 100m A 0.3 0.630 0.012 0.373 0.005 0.242 0.002 0.093 0.006 0.234 0.001 
7/23/2018 100m A 0.5 0.381 0.003 0.217 0.003 0.140 0.001 0.049 0.001 0.144 0.005 
7/23/2018 100m A 1.9 0.261 0.001 0.200 0.003 0.075 0.002 0.028 0.001 0.121 0.002 
7/23/2018 100m A 2 0.318 0.009 0.171 0.003 0.077 0.001 0.038 0.001 0.136 0.003 
7/23/2018 100m A 2.3 0.288 0.008 0.195 0.002 0.069 0.001 0.040 0.000 0.137 0.001 
7/23/2018 100m A 2.5 0.297 0.005 0.213 0.002 0.070 0.000 0.031 0.000 0.153 0.008 
7/23/2018 100m A 2.8 0.334 0.002 0.203 0.003 0.079 0.001 0.039 0.000 0.149 0.003 
7/23/2018 100m A 3 0.305 0.015 0.189 0.003 0.071 0.000 0.035 0.000 0.155 0.002 
7/23/2018 100m A 3.2 0.305 0.006 0.206 0.004 0.074 0.001 0.032 0.000 0.166 0.006 
7/23/2018 100m A 3.5 0.290 0.003 0.205 0.007 0.064 0.000 0.032 0.000 0.155 0.003 
7/23/2018 100m A 3.8 0.352 0.006 0.218 0.004 0.081 0.001 0.038 0.001 0.166 0.006 
7/23/2018 100m A 4.3 0.337 0.006 0.247 0.004 0.075 0.001 0.040 0.002 0.159 0.001 
7/23/2018 100m A 4.8 0.311 0.007 0.205 0.001 0.075 0.001 0.036 0.001 0.162 0.004 
7/23/2018 100m A 5.2 0.365 0.003 0.247 0.006 0.086 0.001 0.069 0.001 0.173 0.006 
7/23/2018 100m A 5.5 0.436 0.010 0.356 0.012 0.088 0.003 0.098 0.001 0.202 0.008 
7/23/2018 100m A 5.9 0.566 0.016 0.403 0.007 0.078 0.001 0.136 0.001 0.221 0.004 
7/23/2018 100m A 6.3 0.735 0.032 0.620 0.001 0.089 0.002 0.216 0.007 0.293 0.010 
7/23/2018 100m A 6.7 0.907 0.021 0.757 0.012 0.108 0.002 0.338 0.006 0.369 0.008 
7/23/2018 100m A 7 0.875 0.024 0.750 0.014 0.103 0.001 0.352 0.003 0.369 0.005 
7/23/2018 100m A 8 0.583 0.000 0.466 0.012 0.094 0.005 0.145 NA 0.251 0.004 
7/23/2018 100m A 8.5 0.314 0.007 0.223 0.005 0.073 0.001 0.030 0.001 0.170 0.004 
7/23/2018 100m A 8.8 0.315 0.007 0.201 0.004 0.078 0.000 0.019 0.000 0.177 0.002 
7/23/2018 100m A 9.8 0.299 0.005 0.217 0.004 0.068 0.000 0.015 0.001 0.176 0.005 
7/23/2018 100m A 10.5 0.318 0.002 0.245 0.009 0.072 0.001 0.017 0.000 0.181 0.001 
7/23/2018 100m B 0.1 0.560 0.002 0.276 0.004 0.193 0.001 0.079 0.001 0.176 0.003 






























7/23/2018 100m B 0.6 0.274 0.004 0.174 0.009 0.078 0.005 0.034 0.001 0.107 0.001 
7/23/2018 100m B 0.8 0.280 0.008 0.181 0.002 0.073 0.000 0.028 0.000 0.143 0.001 
7/23/2018 100m B 1 0.290 0.002 NA NA NA NA 0.038 0.000 0.147 0.004 
7/23/2018 100m B 1.3 0.295 0.002 0.171 0.002 0.074 0.000 0.024 0.000 0.144 0.005 
7/23/2018 100m B 1.5 0.255 0.006 0.171 0.001 0.068 0.002 0.022 0.000 0.155 0.006 
7/23/2018 100m B 1.9 0.249 0.001 0.186 0.004 0.071 0.001 0.030 0.001 0.148 0.007 
7/23/2018 100m B 2.1 0.263 0.005 0.205 0.009 0.064 0.002 0.022 0.001 0.166 0.003 
7/23/2018 100m B 2.2 0.282 0.005 0.208 0.004 0.067 0.000 0.022 0.001 0.161 0.001 
7/23/2018 100m B 2.3 0.254 0.007 0.190 0.003 0.069 0.000 0.032 0.000 0.165 0.006 
7/23/2018 100m B 2.7 0.289 0.007 0.200 0.004 0.074 0.002 0.035 0.001 0.168 0.006 
7/23/2018 100m B 3 0.337 0.007 0.218 0.005 0.090 0.003 0.041 0.000 0.195 0.000 
7/23/2018 100m B 3.5 0.327 0.006 0.234 0.005 0.084 0.003 0.027 0.001 0.193 NA 
7/23/2018 100m B 4 0.334 0.011 0.227 0.002 0.091 0.002 0.043 0.000 0.188 0.002 
7/23/2018 100m B 4.4 0.702 0.018 0.594 0.003 0.101 0.001 0.299 0.010 0.271 0.006 
7/23/2018 100m B 4.8 0.911 0.018 0.709 0.035 0.101 0.002 0.326 0.004 0.381 0.004 
7/23/2018 100m B 5.3 0.497 0.004 0.425 0.010 0.091 0.002 0.172 0.006 0.278 0.004 
7/23/2018 100m B 5.9 0.311 0.009 0.192 0.005 0.072 0.001 0.021 0.000 0.191 0.001 
7/23/2018 100m B 6.6 0.293 0.007 0.207 0.004 0.068 0.001 0.016 0.000 0.196 0.003 
7/19/2018 AW55 5 0.1 0.234 0.010 0.165 NA 0.071 0.003 0.032 0.001 0.126 0.008 
7/19/2018 AW55 5 0.3 0.275 0.010 0.210 0.008 0.052 0.001 0.040 0.001 0.161 0.001 
7/19/2018 AW55 5 0.5 0.292 0.001 0.219 0.002 0.074 0.000 0.026 0.001 0.186 0.003 
7/19/2018 AW55 5 0.8 0.224 0.006 0.184 0.003 0.058 0.001 0.019 0.000 0.162 0.006 
7/19/2018 AW55 5 1.7 0.304 0.005 0.253 0.002 0.045 0.001 0.027 0.001 0.214 0.005 
7/19/2018 AW55 5 2.3 0.319 0.001 0.267 0.011 0.042 0.001 0.017 0.001 0.229 0.004 
7/19/2018 AW55 5 2.9 0.334 0.010 0.295 0.005 0.046 0.000 0.019 0.000 0.268 0.005 
7/19/2018 AW55 5 3.4 0.351 0.005 0.329 0.011 0.057 0.002 0.023 0.000 0.292 0.005 
7/19/2018 AW55 5 3.8 0.536 0.010 0.465 0.006 0.075 0.001 0.056 0.001 0.388 0.007 
7/19/2018 AW55 5 5.9 0.596 0.003 0.486 0.006 0.089 0.001 0.042 0.000 0.428 0.004 






























7/19/2018 AW55 5 8.4 0.507 0.002 0.417 0.004 0.100 0.002 0.013 0.000 0.405 0.001 
7/19/2018 AW55 5 8.9 0.508 0.003 0.428 0.001 0.093 0.000 0.015 0.000 0.414 0.013 
 
